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Abstract 

This dissertation consists of three peer-reviewed publications that are integrated by their collective 

contribution to several different scales of information (molecular, community, and landscape) that 

are important in coral reef ecology. At the molecular level, (1) Symbiodinium diversity in a reef-

building coral between shallow and mesophotic depths among different islands in the Northern 

Caribbean, (2) at the community level, we studied the predation by Cyphoma gibbosum on the 

octocoral community among La Parguera’s reefs, (3) and at the landscape level we examined the 

influence of the water column on spectral diversity and its implications for monitoring shallow 

water marine communities using remote sensing. In Chapter 5,  I  provide a few concluding 

comments regarding active and practical conservation goals on the basis that coral reef resilience 

and sustainable ecosystem services are dependendent on maintaining high biodiversity. 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

 

 

ii



 

 

Resumen 

 

Esta tesis consiste en tres artículos científicos especializados que se integran por su contribución 

colectiva a varias escalas diferentes de información (molecular, la comunidad, y paisaje) que son 

importantes en la ecología de los arrecifes de coral. A nivel molecular, ( 1 ) la diversidad Symbiodinium 

en un arrecife de coral de la capacidad entre las aguas poco profundas y mesophotic entre las diferentes 

islas en el Caribe Norte, ( 2 ) a nivel comunitario, se estudió la depredación por Cyphoma gibbosum en la 

comunidad octocoral entre los arrecifes de La Parguera, ( 3) y a nivel del paisaje, se analizó la influencia 

de la columna de agua sobre la diversidad espectral y sus implicaciones para la vigilancia de las 

comunidades marinas de aguas poco profundas usando sensores remotos. En el capítulo 5, proporciono 

un par de observaciones finales relativas a los objetivos de conservación activas y prácticas sobre la 

base de que la capacidad de recuperación de arrecifes de coral y servicios de los ecosistemas sostenibles 

se dependendent en el mantenimiento de una alta biodiversidad. 
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1  

Chapter 1. General Introduction 
 

Coral reefs are the most biologically diverse and productive marine communities on 

the planet (Connell 1978; Paulay 1997; Knowlton 2001; Sala and Knowlton 2006). Coral 

reef communities occupy less than one percent of the ocean benthos but they provide 

habitat to more than 25% of all marine life (Bryant et al. 1998). Yet, high species diversity 

(biodiversity) is one of the defining characteristics of coral reef communities, and while 

past estimates range from 600,000 to greater than 9 million species globally (Reaka-Kudla 

1997; Knowlton 2001; Rogers 2013), it is likely, that biodiversity on coral reefs has been 

seriously underestimated (Small et al. 1998; Plaisance et al. 2011). In addition, coral reefs 

supply a range of ecological goods and services to marine life and human populations 

living near coral reefs (Moberg and Folke 1999; Worm et al. 2006). Coral reefs provide 

three-dimensional structure that serves as an important habitat for spawning, nursery 

and breeding grounds to numerous reef fish and invertebrates, as well as feeding grounds 

for large predatory fish, sea turtles and marine mammals. For human well-being, coral 

reef communities provide a source of food (fishery), coastal protection by dissipating 

wave energy produced by tropical storms and hold vast potential in supplying natural 

products and human medicines (Moberg and Folke 1999; Worm et al. 2006). The intrinsic 

beauty and diversity of life inhabiting coral reefs attracts tourists from around the world 

creating jobs and income for local communities. Over a decade ago, the total net benefit of 

the world's coral reefs was estimated at $30 billion/year (Cesar et al. 2003). In spite of this,
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nearly two-thirds of Caribbean coral reefs are currently under threat by climate change 

and human activities (Bryant et al. 2009; Hoegh-Guldberg et al. 2015). 

Historical overfishing in the Caribbean came long before all other human disturbances 

to coastal ecosystems and predates the arrival of European settlers in the 15th century 

(Wing and Reitz 1982; Jackson et al. 2001; Jackson et al. 2014; Mumby et al. 2015). Further 

declines continued well into the 1950-1960s when populations of large predators (i.e., 

sharks, barracudas, and groupers) were heavily overfished, consequently leaving behind 

small carnivorous fish (grunts, smaller groupers and snappers), herbivorous fish 

(parrotfish, surgeonfish) and planktivorous fish (damselfish) (McClenachan 2008; Jackson 

et al. 2014; Mumby et al. 2015). In the 1970s, coral reefs still appeared relatively healthy, 

but they began to change and one ecological tragedy followed another throughout coral 

reefs of the Caribbean. Then, in 1977, White Band Diseased first affected corals in the US 

Virgin Island and then rapidly spread across the Caribbean. The two most impacted 

species that served as vital habitat for many fish and other reef inhabitants were Acropora 

palmata and A. cervicornis (Gladfelter 1982; Aronson and Precht 2001). After the mass 

mortality of Acropora species in the late 1970s, another disease swept through the 

Caribbean killing 93% of the herbivorous sea urchin Diadema antillarum in 1983 – 1984 

(Lessios 1988). Diadema antillarum once served an important role in maintaining algal 

growth on reefs (Lessios 1988). Correspondingly, after the die-off of D. antillarum, the few 

remaining herbivorous reef fish were also over-fished in many locations around the 
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Caribbean. The loss of D. antillarum and subsequent overfishing of herbivorous fish left 

reefs unchecked and they began to increase in macroalgae and decrease in coral cover, 

which in turn  diminished reef resilience (Hughes 1994; Nyström et al. 2000; Hughes et al. 

2003; Hughes et al. 2007; Knowlton and Jackson 2008; Jackson et al. 2014). The 

identification of the pathogen that caused mass mortality in Diadema antillarum remains 

unknown. In the wake of the catastrophic loss of foundation (A. palmata, A. cervicornis) 

and keystone species (D. antillarum), the adverse effects of climate change (thermal 

anomalies) began to emerge. Thermal anomalies related to climate change induced 

Caribbean-wide bleaching events in 1995, 1998, 2005, 2010 – and subsequently many colonies 

suffered mass mortalities due to diseases that followed these bleaching events (Cróquer and Weil 

2009; Rogers et al. 2009; Weil et al. 2009; Weil and Rogers 2011). 

From the 1990’s to present day, the effects of climate change (thermal anomalies, 

acidification with increasing frequency and severity of hurricanes and storms), marine 

diseases, African dust, overfishing, coastal development and other forms of pollution 

(i.e., agricultural runoff, sewage outfall) continue to cause mortality, destruction of reef 

complexity (habitat), and undermines the natural ability of corals to recover (Hughes 

1994; Hughes and Tanner 2000;, Hughes et al. 2003; Wilson et al. 2006; Weil and Rogers 

2011; Jackson et al. 2014). Not only in the Caribbean, but around the planet both natural 

and anthropogenic disturbances have led to significant losses in coral cover, diversity, 

resilience  and  physical  structure,  as  well  as  significant  decreases  in  reef  fish  size, 
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abundance, and diversity (Gardner et al. 2003; Knowlton 2001; Hughes et al. 2003; Jones et 

al. 2004; Sala and Knowlton 2006; Wilson et al. 2006; Worm et al. 2006; Knowlton and 

Jackson 2008; Paddack et al. 2009; Palumbi et al. 2009; Wild et al. 2011; De’ath et al. 2012; 

Jackson et al. 2014; Mumby et al. 2015). 

From space to deep reefs, great efforts continue to monitor and better understand how 

future coral reef communities might respond and adapt to the adverse effects of 

continued environmental degradation and climate change (i.e., Lesser et al. 2009; Eakin et 

al. 2010). As such, this dissertation, “Integrated studies in coral reef ecology: genetics, octocoral 

predation, and remote sensing,” describes different approaches that investigated the 

influence of depth on various aspects in coral reef ecology. Each chapter stands alone and 

includes its own discussion and conclusions. Specifically, these chapters cover several 

different important research themes in coral reef ecology, including 1) zooxanthellae 

(genus Symbiodinium) diversity in the coral host Agaricia lamarcki between shallow and 

mesophotic coral reefs (Lucas et al. 2016), 2) predation pressure by the snail, Cyphoma 

gibbosum, on a diverse array of octocoral species among La Parguera reefs (Lucas et al. 

2014), and 3) the utility of remote sensing in ecology, biodiversity, and conservation 

(Lucas and Goodman 2015). 
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2.1 Abstract 

 

This study investigated differences in Symbiodinium diversity in the scleractinian coral 

species Agaricia lamarcki between shallow (20 – 25 m) and mesophotic (50 – 70 m) depths 

in the northern Caribbean. Corals were sampled in each of four shallow sites (20 – 25 m; n 

= 18) and three mesophotic sites (50 - 70 m; n = 18) from Mona Island (Puerto Rico) and 

the US Virgin Islands during a mesophotic exploratory cruise and from the La Parguera 

shelf edge, off southwestern Puerto Rico. Symbiodinium diversity was assessed using 

internal transcribed spacer 2 (ITS2) sequences clustered into Operational Taxonomic Units 

(OTUs). Clustering resulted in eight clade C OTUs and one clade D OTU. Of these, there 

were three common Symbiodinium OTUs consisting of C3 and D1a.N14 in shallow reefs 

and C11.N4 in mesophotic reefs. Statistical tests (PERMANOVA and ANOSIM) showed 

significant differences between clade C Symbiodinium OTUs in A. lamarcki colonies located 

at shallow and mesophotic depths, indicating symbiont zonation. Symbiodinium diversity 

in A. lamarcki from the northern Caribbean is comparable to previous reports in the 

southern Caribbean for this species. This is the first report of the thermal tolerant species 

Symbiodinium trenchii (D1a) in A. lamarcki. 
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2.2 Introduction 

Reef-building corals are energetically dependent on their photosynthetic symbionts 

(genus Symbiodinium) and the exponential decrease in light with increasing depth is one 

of the most important factors driving their distributions over wide depth ranges (Rowan 

et al. 1997; Lesser et al. 2009; Lesser et al. 2010; Cooper et al. 2011). In this regard, depth 

zonation of genetically distinct Symbiodinium genotypes (symbiont zonation) has been 

mostly attributed to the differential photoacclimation responses of the different symbiont 

genotypes to decreasing light levels with increasing depth (Rowan and Knowlton 1995; 

Iglesias-Prieto et al. 2004; Frade et al. 2008). While there are a growing number of studies 

investigating Symbiodinium diversity in corals along mesophotic depth gradients (Chan et 

al. 2009; Lesser et al. 2010; Cooper et al. 2011; van Oppen et al. 2011a; Bongaerts et al. 

2013; Bongaerts et al. 2015a, b; Pochon et al. 2015; Ziegler et al. 2015), the role of symbiont 

zonation influencing the depth distributions in corals is understudied, especially on an 

ecosystem-wide scale. 

In the Caribbean, the most extensive surveys of Symbiodinium diversity in mesophotic 

corals have been carried out in Curaçao (Bongaerts et al. 2013, 2015a, b). These results 

show that symbiont zonation is common on a reef-wide scale, a dominant trait in species 

with the widest depth ranges, and is more common in broadcast spawning species 

(Bongaerts et al. 2015 a). An assessment of the lower mesophotic community (60-100 m) 

revealed a specialized coral community composed of Agaricia grahamae, Agaricia undata, 
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and Madracis pharensis (90 m), all associating with putative ‘deep specialist’ Symbiodinium 

types (Bongaerts et al. 2015b). An earlier study by Bongaerts et al. (2013) used ITS2 

Denaturing Gradient Gel Electrophoresis (DGGE) profiles to examine five Agaricia species 

and their Symbiodinium associations in Curaçao (2-60 m). Four of the five species showed 

distinct depth distributions and specific symbiont associations, whereas A. lamarcki was 

the only species showing symbiont zonation (Bongaerts et al. 2013). Even though a “deep 

specialist” symbiont association is not a universal mechanism to survive at mesophotic 

depths (Chan et al. 2009; Bongaerts et al. 2010), these studies highlight the important role 

of symbiont zonation and its influence on the depth distributions in some coral species 

(Bongaerts et al. 2013; Bongaerts et al. 2015a, b). Because some coral species can have 

geographic differences in symbiont associations (LaJeunesse et al. 2004; Garren et al. 2006; 

Jones et al. 2008; Stat et al. 2008; Finney et al. 2010), local assessments of Symbiodinium 

diversity are needed to further understand coral-symbiont associations on a broader 

geographic scale. 

The coral species Agaricia lamarcki inhabits cryptic areas on shallow reefs (10 – 40 m) 

and is also one of the most abundant species inhabiting mesophotic reefs in the Caribbean 

(Bongaerts et al. 2013; Sherman et al. 2013), thus representing the ideal species to examine 

Symbiodinium diversity across a wide depth range. In this study, Symbiodinium (ITS2) 

OTUs were constructed to investigate 1) differences in Symbiodinium diversity in Agaricia 

lamarcki from shallow (20-25 m) and mesophotic depths (50-70 m) from Mona Island and 
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La Parguera in Puerto Rico, and St. Croix and St. Thomas in the US Virgin Islands (USVI) 

and 2) establish if the pattern of symbiont zonation in A. lamarcki is comparable to 

previous studies in the southern Caribbean (Curaçao, Bongaerts et al. 2013; Bongaerts et 

al. 2015a,b). 

2.3 Materials and Methods 

Sample collection 

Agaricia lamarcki (n = 36) samples were collected in 2010 in each of four shallow sites 

(20 – 25 m; n = 18) and three mesophotic sites (50 - 70 m; n = 18) from Mona Island (Puerto 

Rico) and St. Croix, USVI during a mesophotic exploratory cruise and from the La 

Parguera shelf edge, located off southwestern Puerto Rico. There were no mesophotic 

samples for comparison from St. Thomas USVI. Study sites are described in Sherman et 

al. (2013). Shallow water colonies were collected with SCUBA-NITROX while trimix- 

rebreather systems were used to collect mesophotic colonies. Coral specimens were 

identified by Dr. Ernesto Weil and preserved in 100% ethanol. Specimens were cataloged 

in a database by colony number, date, location and deposited in the Museum of Marine 

Invertebrates at Magueyes Marine Laboratories, University of Puerto Rico, Mayagüez. 

DNA extraction, PCR, cloning and sequencing 

Total genomic DNA (gDNA) was extracted using a modified cetyl- 

trimethylammonium bromide) (CTAB) protocol after Dempster et al. (1999). The ITS2 

region   was   PCR   amplified   using   standard   thermal   cycle   conditions   using   the 
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Symbiodinium specific primers, ITSintfor2 (5´-GAATTGCAGAACTCCGTG-3´) and ITS2 
 

 

reverse (5´-GGATCCATATGCTTAAGTTCAGCGGGT-3´) (LaJeunesse 2002). PCR 
 

 

products for the Symbiodinium ITS2 region were purified using QIAquick® PCR 

Purification Kit (Qiagen, Valencia, CA), ligated overnight into the pGEM® T-Easy 

Cloning Vector, transformed into JM109 competent cells (Promega, Madison, WI), and 

grown overnight on selective LB media (ampicillin 50 μg/ml, isopropyl-ß-D-thio- 

galactopyranoside (IPTG) 0.1mM, 5-bromo-4-chloro-3-indolyl-beta-D-galacto-pyranoside 

(X-Gal) 50 μg/ml). ITS2 clones were sequenced with M13 primers at High-Throughput 

Genomics Center (htseq.org) (Seattle, WA). 

Sequence analysis and OTUs 

Symbiodinium ITS2 sequences were edited using CodonCode Aligner (v. 4.2.7, 

CodonCode Corporation, www.codoncode.com) and aligned to closely related ITS2 

sequences from Genbank. Mothur (v. 1.29) (Schloss et al. 2009) was used to generate a 

distance matrix with each gap treated as a mutation and subsequently clustered into 

operational taxonomic units (OTUs) using a 97% sequence similarity threshold (SST) with 

the furthest neighbor algorithm. OTUs represented by a single sequence were not 

considered in downstream analyses and omitted from the dataset. Novel sequences 

representing an OTU were named after their closest ITS2 sequence followed by a capital 

italic N (to represent ‘novel’), with the next available integer in GenBank (i.e. C3b.N9) 
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used  to  identify  novel  Symbiodinium  ITS2  sequences  in  Agaricia  spp.  from  Curaçao 

(Bongaerts et al. 2013). 

Statistical analyses of Symbiodinium OTUs 

The frequency of Symbiodinium OTUs in each colony was square root transformed and 

statistical analyses performed using the software Paleontological Statistics (PAST v.3.0) 

(Hammer et al. 2001). Because of limited sampling, location was not considered. Instead, 

samples were pooled across locations for statistical analyses. To test for symbiont 

zonation of Symbiodinium OTUs by depth, a permutational multivariate analysis of 

variance (PERMANOVA) (Anderson 2005; Anderson 2006) was performed with depth as 

a factor and colonies as the replicate. Analysis of Similarity (ANOSIM) among 

Symbiodinium OTUs was also performed using the Bray-Curtis coefficient of similarity 

matrix to identify differences between shallow and mesophotic Symbiodinium OTUs 

occurring A. lamarcki (Clarke 1993). Minimum-spanning networks for representative 

OTUs (ancestral sequences) were inferred in Network v.4.6 with the full median joining 

algorithm (Bandelt et al. 1999) and illustrated with Network Publisher v.1.3 (Fluxus- 

engineering.com). 

2.4 Results 

A total of 235 Symbiodinium ITS2 sequences were examined among 36 colonies of A. 

lamarcki from shallow (n = 18 colonies) and mesophotic depths (n = 18 colonies) (Table 1). 

Briefly, 29 colonies hosted clade C Symbiodinium and 5 colonies hosted clade D, while 1 
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colony from shallow reefs of St. Thomas USVI hosted both clades C and D 

simultaneously. The prevalence of Symbiodinium OTUs recovered in A. lamarcki colonies 

located at shallow and mesophotic depths is presented for each location (Figure 1). 

Clustering ITS2 sequences resulted in nine Symbiodinium OTUs, eight in clade C and one 

in clade D (Table 1). 

 
Table 1: Sampling summary by location and depth, number of cloned ITS2 sequences for each A. 

lamarcki sample, and the distribution of sequences among Symbiodinium OTUs. 

 

 

 

 
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

*OTUs represented by a single sequence were not considered in downstream analyses and omitted from the 

data set. 
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Table 2: Symbiodinium internal transcribed spacer 2 (ITS2) operational taxonomic unit (OTU) representatives 

(rep), the number of sequences (seqs) clustered in each OTU, GenBank accession numbers and ITS2 sequence 

references for novel OTU sequences. 
 

 

OTU# OTU-Rep No. Seqs/OTU Genbank Accession No. Reference 

1 C3 99 100% match LaJeunesse 2002 (AF499789) 

2 C11.N4 74 100% match Bongaerts et al. 2013 (KF551188) 

3 C3d 8 100% match LaJeunesse 2002 ( AF499792) 

4 *C3b.N9 5 KP109696 LaJeunesse 2002 (AF499791) 

5 *C11.N10 5 KP109697 Bongaerts et al. 2013 (KF551188) 

6 *C.N11 3 KP109698 Thornhill et al. 2007 (EU074889) 

7 *C11.N12 3 KP109699 LaJeunesse 2002  (AF499800) 

8 *C.N13 2 KP109700 Barbrook et al. 2014 (HG515026) 

9 *D1a.N14 29 KP109701 LaJeunesse et al. 2014 (KJ019889) 
 
 
 

 
The most common or dominant Symbiodinium OTUs (i.e., containing the majority of 

sequences) in A. lamarcki across all sampling locations were C3 OTU1, C3d OTU3, and 

D1a.N14 OTU9 in shallow waters and C11.N4 OTU2 at mesophotic depths (Table 2, 

Figure 1). Statistical tests (PERMANOVA, P = 0.0001, Pseudo-F = 9.65, df = 1; ANOSIM, P 

= 0.0001, R = 0.33) showed significant differences between clade C Symbiodinium OTUs 

(i.e., C3 OTU1 and C11.N4 OTU2) located at shallow and mesophotic depths, indicating 

symbiont zonation in A lamarcki. 
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Figure 1: The prevalence of all Symbiodinium OTUs occurring in A. lamarcki colonies located at shallow and 

mesophotic depths for each location. The value n represents the number of colonies sampled in each 

location and the value in parenthesis represents the number of cloned sequences. USVI = US Virgin Islands. 
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The minimum spanning network illustrates Symbiodinium C3 OTU1 as the inferred 

ancestral (ITS2) sequence among Symbiodinium OTUs recovered (Figure 2). The most 

common clade C OTUs (C3, C3d, and C11.N4) were identical to their reference sequences 

in Genbank (Table 2). The C11.N4 OTU2 consisted of C11 (40%, LaJeunesse et al. 2002) 

and C11.N4 sequences (60%, Bongaerts et al. 2013). The C3b.N9 OTU4 sequence is 1 bp 

different from its reference sequence (C3b, LaJeunesse 2002). The C11.N10 OTU5 

sequence is characterized by a 1 bp deletion and a 2 bp insertion, while C11.N12 OTU7 

contains an 8 bp deletion from its reference sequence (C11, LaJeunesse 2002). The C.N11 

OTU6 is 1 bp different compared to a C1 sequence (culture 152, LaJeunesse 2002), 

considered to be a PCR chimera (LaJeunesse 2002). Because of this, the C1 sequence 

(Symbiodinium goureaui, LaJeunesse 2002) was incorporated into the network to illustrate 

the relationship between C.N11, C3 and C1 sequences (Figure 2). The C.N13 OTU8 has a 4 

bp deletion and 1 bp difference compared to the C3 reference sequence (LaJeunesse 2002) 

(Table 2). The D1a.N14 OTU9 consisted of D1a (42%, LaJeunesse et al. 2014) and D1 

sequences (58%, LaJeunesse et al. 2001; LaJeunesse 2002), and is characterized by a single 

(1 bp deletion) difference compared to its reference sequence (Symbiodinium trenchii, 

LaJeunesse et al. 2014). Novel ITS2 sequences representative of OTUs were submitted to 

GenBank (Table 2). 
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Figure 2: Minimum spanning network of Symbiodinium clade C (OTUs) in the coral host A. lamarcki. *Gaps 

are indicated by blue dashes and mutations are indicated in red. ITS2 = internal transcribed spacer 2 
 
 
 

 

2.5 Discussion 

The ITS2 region has been the most widely employed phylogenetic marker in the 

exploration of coral - Symbiodinium diversity along shallow and mesophotic depth 

gradients (Chan et al. 2009; Bongaerts et al. 2010; Lesser et al. 2010; Bongaerts et al. 2011; 

Bongaerts et al. 2013; Bongaerts et al. 2015a, b; Pochon et al. 2015; Ziegler et al. 2015). 
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Notwithstanding, the multi-copy nature of the ITS2 region with numerous intragenomic 

variants has invoked considerable debate regarding the interpretation of Symbiodinium 

diversity and species delineation (Apprill & Gates 2007; Thornhill et al. 2007; Correa & 

Baker 2009; Stat et al. 2011; Stat et al. 2013; Sampayo et al. 2009; Thornhill et al. 2010). 

Therefore, to provide a conservative yet meaningful interpretation of these data, this 

study considers Symbiodinium ITS2 diversity in the context of OTUs. While the OTU 

approach does not completely alleviate the problems associated with intragenomic 

variation and PCR artifacts, it does reduce the overall complexity (Sneath and Sokal 1973; 

Thornhill et al. 2007; Correa and Baker 2009; Stat et al. 2013), and a 97% sequence similarity 

has gained recent support as the most informative threshold for studies of 

Symbiodinium using the ITS2 gene (Arif et al. 2014, Stat et al. 2015). In this regard, the 

C11.N4 sequence reported in A. lamarcki from Curaçao (Bongaerts et al. 2013) is only a 

single (1 bp) deletion compared to its reference C11 sequence (LaJeunesse 2002). In this 

regard, the C11.N4/C11 OTU2 (inclusive of C11) is interpreted here as Symbiodinium C11 

(LaJeunesse 2002). Likewise, the novel D1a.N14 OTU9 is also characterized by a single (1 

bp) deletion difference and therefore is interpreted as Symbiodinium trenchii (sensu D1a, or 

D1-4; but see LaJeunesse et al. 2014). Furthermore, S. trenchii is the only clade D species 

inhabiting Atlantic/Caribbean corals (Pettay et al. 2015). In addition, some of the novel 

clade C OTUs with few sequences are characterized by substantial differences compared 

to  novel  sequences  identified  in DGGE  ITS2  profiles  in  Agaricia  lamarcki  in  Curaçao 
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(Bongaerts et al. 2013) (Table 2, Figure 2). Although these novel sequences likely 

represent intragenomic variants of a single rDNA lineage (Thornhill et al. 2007; Bongaerts 

et al. 2013), it cannot be discounted they may represent a mix of distinct background 

symbionts (Stat et al. 2011; Bongaerts et al. 2013). However, the taxonomic and ecological 

significance of this diversity remains uncertain owing to a lack of consensus in the 

interpretation of ITS2 diversity (Correa and Baker 2009; LaJeunesse and Thornhill 2011; 

Stat et al. 2011). 

Results of this study indicate that A. lamarcki associates with a different Symbiodinium 

community across its depth distribution in the northern Caribbean. Furthermore, this is 

the first report of the thermal tolerant Symbiodinium trenchii (LaJeunesse et al. 2014) 

recovered in shallow water colonies of A. lamarcki. 

Symbiodinium OTUs C3 OTU1 and C11.N4 OTU2 were present in A. lamarcki colonies 

located at shallow and mesophotic depths; however C11.N4 OTU2 is most abundant at 

mesophotic depths indicating that A. lamarcki associates with C11.N4, previously 

described as a putative ‘deep specialist’ (Curaçao, Bongaerts et al. 2013). These data are 

consistent with the C11.N4/C11 DGGE profile recovered by Bongaerts et al. (2013). The 

Symbiodinium types C11.N4/C11 also occur in the deep-water species Agaricia grahamae 

and Agaricia undata (Bongaerts et al. 2015a, b). Noteworthy, Symbiodinium C3d (Bongaerts 

et al. 2013) was also present (C3d OTU3) in a few shallow water colonies of A. lamarcki 

from M o n a   Island,  La  Parguera,  and  St.  Croix  (Figure  1).  These d a t a  

p a r a l l e l  Symbiodinium diversity recovered in A. lamarcki from the southern Caribbean 

where two different DGGE ITS2 profiles were observed, C3/C3d or C3/C11 in shallow 
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reefs, transitioning to exclusively the C3/C11 profile at mesophotic depths (Bongaerts 

et al. 2013; Figure 1). The most common or dominant Symbiodinium ITS2 sequences 

representing OTUs in this study are identical to those found in other coral species; 

including other Agaricia spp. (C3), Montastraea cavernosa, A. lamarcki (C3d) (Lesser et al. 

2010; Bongaerts et al. 2013; Barbrook et al. 2014), as well as Scolymia cubensis, Mussa 

angulosa, Mycetophyllia ferox, M. lamarckiana (C11) (LaJeunesse 2002; Finney et al. 2010), 

and more recently in A. lamarcki, Agaricia undata, and Agaricia grahamae (C11.N4/C11) 

(Bongaerts et al. 2013; Bongaerts et al. 2015a, b). 

Depth zonation of genetically distinct Symbiodinium among reef-building corals has 

long been considered one of the most important factors driving the distribution of corals 

with wide depth distributions (Rowan and Knowlton 1995). A number of recent studies 

report host-symbiont depth specialization (Sampayo et al. 2007; Lesser et al. 2010; 

Bongaerts et al. 2013; Pochon et al. 2015), but a concise explanation as to which symbiotic 

partner is driving their depth distributions has not yet been provided. Furthermore, why 

some coral species with wide depth distributions exhibit symbiont zonation and others do 

not, is presently unclear (Bongaerts et al. 2015a; Pochon et al 2015). Conversely, a recent 

study combing ecological, physiological, and molecular data examined photoacclimation 

among four coral genera (Porites, Leptoseris, Pachyseris and Podabacia) and their symbionts 

along a mesophotic depth gradient in the Red Sea (Ziegler et al. 2015). Overall, general 

photoacclimation strategies were common among all coral host-symbiont combinations, 

such that both symbiont cell densities and photoprotective pigments to light harvesting 

pigment ratios significantly decreased with depth (Ziegler et al. 2015). Interestingly, the 
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authors reported that the coral hosts have an effect on the photosynthetic pigment 

composition of their symbionts. For example, in a comparison of Symbiodinium type C1 in 

Podabacia and Pachyseris, the ß-carotene: chl a, peridinin: chl a, and diadinoxanthin: chl a 

ratios significantly differed over depth among host species. Ziegler et al. (2015) concluded 

that depth acclimation in corals is facilitated by symbiont physiology (e.g. Symbiodinium 

pigment composition and cell densities) which in turn is host-specific, as demonstrated by 

their analysis of different coral species associating with the same symbiont type. Their 

study underpins the importance of the ecological and physiological interactions of both 

corals and their Symbiodinium types to better leverage an understanding of the drivers in 

their distributions along mesophotic gradients (Ziegler et al. 2015). 

This is the first report of physiologically tolerant Symbiodinium trenchii (e.g., D1a.N14 

OTU9 this study) associating with A. lamarcki in shallow reefs. Symbiodinium trenchii, is 

endemic to the Indo-Pacific Ocean and new evidence shows that this species has quickly 

spread to corals throughout the Greater Caribbean on ecological timescales (Pettay et al. 

2015). The authors revealed that Atlantic/Caribbean populations of S. trenchii have low 

genetic diversity and several widespread and genetically similar clones compared to 

Indo-Pacific populations (Pettay et al. 2015). Physiologically tolerant clade D 

Symbiodinium have received considerable attention for their potential role in mitigating 

the effects of changing ocean conditions (e.g., thermal anomalies, ocean acidification, and 

pollution) related to climate change and human activities. While corals hosting S. trenchii 

may be afforded some resilience to various environmental disturbances (Rowan 2004; 

Berkelmans & van Oppen 2006; Abrego et al. 2008; van Oppen et al. 2011b), there is a 
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tradeoff between increased survival and reduced growth (calcification) at the ecosystem 

scale and this has raised concerns over the long-term productivity and reef-building 

capacity among Caribbean coral reef communities (Ortiz JC et al. 2013; LaJeunesse et al. 

2014; Pettay et al. 2015). Nonetheless, the presence of Symbiodinium trenchii in A. lamarcki 

could be a result of selection and or acclimation to three high thermal anomalies between 

1998 and 2003, when bleaching was more intense at intermediated depths (10-30 m). In 

this case, A lamarcki bleached and recovered with only a few colonies showing partial 

mortality. During the 2005 intense bleaching event, A. lamarcki bleached but was resistant 

to mortality, in contrast with the other agaricids (i.e Undaria spp.) who suffered high 

mortality at these depths (Weil et al. 2009). Nonetheless, the finding that A. lamarcki can 

associate with Symbiodinium trenchii in shallow reefs may impart some resilience during 

future environmental disturbance. 

Collectively, the  ecology  of  coral-symbiont  assemblages  from  mesophotic  studies 

establishes how the symbiont community is distributed in A. lamarcki over its depth range 

across a larger biogeographic range in the Caribbean. Overall, Symbiodinium diversity 

and the pattern of depth zonation in A. lamarcki sampled from Mona Island, La Parguera, 

and the US Virgin Islands is similar to that found in A. lamarcki in the southern Caribbean 

(Bongaerts et al. 2013). Continuing research into the biology and ecology of mesophotic 

ecosystems is essential to understanding adaptation and their roles as potential refugia in 

an era of rapid global environmental degradation. This work serves as an important 

baseline study for future resilience assessments. 
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Cyphoma gibbosum (Mollusca: gastropoda) on octocoral communities off La Parguera, 
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3.1 Abstract 

This study evaluated the natural prey preferences and spatial variability of predation 

pressure (PP = proportion of colonies with snails and/or clear predation signs) by the 

gastropod Cyphoma gibbosum on octocoral communities off the La Parguera Natural 

Reserve, Puerto Rico. All octocoral colonies were checked for presence of C. gibbosum 

and/or clear predation signs in four permanent band-transects (2 X 10 m), along three 

depth intervals (0–5, 7–12, >15 m deep) in each of six reefs along an inshore offshore 

gradient. Results indicate that C. gibbosum preys on at least 16 species, six of which 

(Briareum asbestinum, Gorgonia ventalina, Pseudoterogorgia americana, P. acerosa, Plexaura 

flexuosa, and Pseudoplexaura porosa) consistently showed significantly higher (K-W, ) (17– 

37%) PP compared to all other species. Plexaura flexuosa, P. americana, and P. porosa had 

significantly higher PP (11–38%) among inner and mid-shelf reefs, and G. ventalina had 

higher PP in shelf-edge reefs (16–20%). A combination of differential spatial distributions 

and octocoral species abundances seems to explain the observed patterns of predation by 

C. gibbosum. Prey preference and higher abundances of 3-dimensional octocorals 

providing increased refuge or microhabitats utilized for mating or egg-deposition could 
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be driving the spatial distribution of C. gibbosum and the observed differential predation 

pressure. 

3.2 Introduction 

Population outbreaks of coral predators are able to produce significant tissue/colony 

losses affecting overall productivity, population densities, and reef composition (Kayal et 

al. 2012) and can be responsible for hindering reef growth by reducing their prey 

abundances and distribution (Witman 1988). Many predators inhabiting reef 

environments fully consume their small prey, but for large modular organisms such as 

corals and octocorals, partial mortality due to predation is more common. Their ability to 

recover from partial colony mortality has contributed to their ecological and evolutionary 

success (Jackson and Coates 1986). 

Octocorals around the Caribbean thrive in shallow and intermediate depths (1–10 m), 

usually dominating habitats on exposed reef platforms (Manrique-Rodriguez et al. 2006). 

They are subject to damage by storms and hurricanes and over the last decades, several 

species have suffered significant colony and/or partial mortalities due to outbreaks of 

diseases such as aspergillosis, black-band disease, red-band disease, bleaching, and other 

undescribed syndromes (Guzman and Cortes 1985; Santavy and Peters 1997; Nagelkerken et 

al. 1997a, 1997b; Nugues and Nagelkerken 2006; Kim and Harvell 2004; Weil 2004; 

Flynn and Weil 2009; Weil and Rogers 2011). It seems that prevalence, virulence, and 

impact of these and other coral diseases have been increasing due to climate warming and 
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bleaching events (Cróquer and Weil 2009; Ruiz-Moreno et al. 2012). Furthermore, 

increased predation pressure (PP) resulting in scarring or wounds to the colony may lead to 

infections by potential pathogens compromising the recovery and survivorship of the 

colony and the population dynamics in the community (Witman 1998; Weil and Rogers 

2011). 

The dominance of octocorals (Cnidaria: Octocorallia) in shallow Caribbean reefs has 

been partially attributed to their chemical defenses, which significantly limits predation 

impacts (Pawlik et al. 1987; O’Neal and Pawlik 2002). As a result, there are only a few 

specialized predators known to intensely prey on octocorals (Pawlik et al. 1987). The 

gastropod, Cyphoma gibbosum (Mollusca: Ovulidae), is the main predator of octocorals in 

the Caribbean and can be found to inhabit shallow water coral reefs in the wider 

Caribbean and southern Atlantic Ocean from North Carolina, USA, to Brazil (Rehder 

1981; Gerhart 1986; Nowlis 1993) [18–20]. A lack of intense predation on octocorals has 

been attributed to their ability to produce a diverse array of secondary metabolites or 

allelochemicals that deter predation by fish and other invertebrates (Rodriquez 1995). 

Octocoral structural and chemical defenses, such as sclerite content (Harvell and 

Suchanek 1987; Van Alstyne and Paul 1992), and secondary metabolites (i.e., 

prostaglandins) (Pawlik et al. 1987; Sammarco and Coll 1992), have been investigated, but 

they do not support the observed patterns of prey preferences in C. gibbosum. 

Cyphoma gibbosum is considered a trophic generalist because it is known to graze on 

numerous species representing at least three octocoral families (Lasker et al. 1988) in spite of 

the toxic chemical defenses (allelochemicals) that they produce. Cyphoma gibbosum  



35 

 

 

moves along the substrate from one octocoral colony to the next grazing mostly on the 

base and axial areas removing small quantities of live tissue and leaving the exposed 

endoskeleton and tissue scars. Despite the ability of C. gibbosum to heavily graze on 

octocorals, their impact has largely been considered modest since it often results in only 

partial mortality of the colony and tissues can quickly regenerate under normal 

conditions (Yoshioka and B. B. Yoshioka 1991). In spite of this, immune-compromised or 

physiologically weak octocoral colonies may not recover effectively, or they may become 

infected with progressive colony mortality (Gerhart 1989). Harvell and Suchanek (1987) 

found that predation lesions by C. gibbosum vary from prey species to prey species, with 

superficial tissue damage in B. asbestinum and more drastic damage fully exposing the 

octocoral skeleton in Plexaura spp. Octocoral colonies normally harbor from one to three 

snails (Lasker et al. 1988); however, a population outbreak of C. gibbosum has been observed 

at Mona Island, where more than 150 snails were found grazing on large individual 

colonies resulting in total colony mortality (Schärer and Nemeth 2010). 

A more recent study identified the ability of C. gibbosum to consume allelochemically 

rich octocoral prey may involve inducible biotransformation enzymes, such as cytochrome 

P450s (CYPs hereafter), that serve to detoxify allelochemicals defenses of octocorals 

(Whalen et al. 2010). On the other hand, predation on C. gibbosum is thought to be rare as 

most fishes find their mantle unpalatable and is generally ignored as a common prey item 

(Burkepile and Hay 2007). There are a few natural predators of C. gibbosum, such as the 

Caribbean spiny lobster (Panulirus argus), Hogfishes, (Lachnolaimus maximus) and  
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Pufferfishes, Tetraodontidae spp. (Burkepile and Hay 2007). Groupers (Family 

Epinephelidae) have also been found to prey on C. gibbosum but only because they are 

indiscriminate feeders (Sterrer 1992). Harvell and Fenical (1989) showed that the mantle 

provides protection through its distasteful or toxic qualities. This distastefulness or toxicity 

may arise from the sequestering of octocoral chemicals on which the snail feeds (Gerhart 

1986; Lasker et al. 1988). A large-scale survey in the Florida Keys revealed that C. gibbosum 

abundances were greater in areas where large predatory fish were regularly harvested, 

concluding that the removal of top predators results in the release of their prey (Chiappone 

et al. 2003). 

Previous studies have documented C. gibbosum grazing on a diverse array of octocoral 

species, mainly Pseudoterogorgia spp., Pseudoplexaura spp., Plexaura homomalla, and G. 

ventalina (Lasker et al. 1988). The spatial variability in the distributions of C. gibbosum 

foraging on octocorals has often been interpreted as feeding or prey preferences (Lasker et 

al. 1988). Likewise, C. gibbosum may select its octocoral prey for other than just food 

sources; they could be using it as refuge from predation and sites for mating and/or egg 

deposition (Gerhart 1986). Previous research exploring prey preferences of C. gibbosum on 
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octocoral communities has yielded disparate results and various authors report different 

octocoral species as the preferred prey. Kinzie (1970) found no preferences and related 

prey utilization to octocoral species abundances, whereas Birkeland and Gregory (1975) 

reported Gorgonia spp. and Eunicea succinea as preferred prey. At Salt River Canyon, St. 

Croix USVI, Harvell and Suchanek (1987) identified various species of Plexaura harboring 

snails for longer periods than expected and suggest that feeding preferences alone do not 

explain the foraging patterns of C. gibbosum. Instead, the authors partition the foraging 

patterns of C. gibbosum to various social behaviors (e.g., mating, egg deposition, feeding, 

and predator avoidance) (Harvell and Suchanek 1987). In Panama, Pseudoterogorgia spp., 

P. homomalla, and P. porosa were found to be the preferred prey (Lasker et al. 1988). This 

variability in food preferences seems to reflect sampling variation, temporal and 

geographical differences in preferences, and/or prey quality (Lasker et al. 1988). 

Furthermore, different behaviors can lead to misinterpretation of octocoral species as 

preferred prey including host species selection, residence time on the host, mating, egg 

deposition, and grazing rates (Lasker et al. 1988). The authors conclude that snail social 

interactions and predator avoidance behaviors play an important role in C. gibbosum’s 

prey preferences, and rather than referring to octocorals as prey they may be best 

described as hosts (Lasker et al. 1988), serving a variety of the aforementioned ecological 

roles. 



38 

 

 

 

Predation by C. gibbosum on octocoral communities has never been assessed among 

the reefs of the La Parguera Natural Reserve, located off the southwest coast of Puerto 

Rico. Populations of most natural predators of C. gibbosum in this area have been 

overfished (reviewed in Ballantine et al. 2008), resulting in reduced predation pressure on 

this predatory snail. Coral and octocoral populations have been affected by several 

bleaching events and disease outbreaks over the last 20 years and a significant increase in 

octocoral predation signs by C. gibbosum has been observed (Cróquer and Weil 2009) (E. 

Weil pers. obs.) underpinning the potential impact of increased predation pressure of this 

snail over several species of common octocorals. The population outbreak of C. gibbosum, 

with high colony and tissue mortalities reported from the waters of Mona Island (Schärer 

and Nemeth 2010), serves as an example of the potential impact of this snail on local 

octocoral communities in the waters of the La Parguera Natural Reserve and other 

Caribbean localities. Therefore, it is important to assess the current status of populations 

of C. gibbosum and its common prey species. The objectives of this study were to (1) 

identify the natural prey preferences of C. gibbosum and (2) characterize the spatial 

variability of predation pressure by C. gibbosum on octocorals among La Parguera reefs. 

Furthermore, we address the potential impact of predation pressure on different octocoral 

species and the community. The results are discussed in light of previous research and 

the ecological factors potentially contributing to the natural prey preferences and the 
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spatial variability of predation pressure by C. gibbosum on the octocoral communities of 

southwestern Puerto Rico. 

3.3 Materials and Method 

Study location 

Coral reefs of the La Parguera Natural Reserve are dispersed over an insular shelf 

extending 8–10 km offshore [36] consisting of three distinct inshore-offshore zones: (1) the 

inner reef zone that is mainly formed by shoreline fringing mangrove forests as well as 

fringing and patch reefs close to shore, (2) the mid-shelf zone characterized by reefs 

fringing along coral rubble and mangrove keys oriented from east to west at about 2-3 km 

from the coast, and (3) the shelf-edge zone which is characterized by deep spur and 

groove and bank reef formations (Irizarry-Soto and Weil 2009). For this study two inner 

reefs; Pelotas (17°57.442 N, 67°04.176 W) and Enrique (17°56.658 N, 67°02.213 W), two 

mid-shelf reefs; Media Luna (17°56.093 N, 67°02.931 W) and San Cristobal (17°56.501 N, 

67°04.509 W), and two shelf-edge reefs; Weinberg (17°53.429 N, 66°59.320 W) and Old 

Buoy (17°53.380 N, 66°59.090 W) were selected (Figure 1). At each reef site, all octocoral 

colonies were checked for presence of C. gibbosum and/or predation signs in each of four 

haphazardly placed, permanent 20 m2 band transects (10 × 2 m) in each of three depth 

habitats (3–5, 5–10, and >15 m) in the inner- and mid-shelf reefs. At the shelf-edge reefs, 

the 12 band-transects were distributed at depths between 18 and 25 m. 
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Figure 1: Site map of the La Parguera Natural Reserve located off the southwest coast of Puerto Rico 

showing the location of the six reefs surveyed in this study. 
 
 

 

Predation pressure (PP) by C. gibbosum on octocorals 

Predation pressure (PP hereafter) is herein defined as the proportion (%) of octocoral 

colonies harboring snails with signs of predation and/or octocorals with only clear and 

recent predation signs. Data collected included the species or genus of the octocoral 

colony with snails and/or predation signs, the number of snails on each colony, and the 

total number of octocorals within each band-transect. The proportions of snails per 

octocoral colony were estimated for each species and for the octocoral community. In 
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addition, the mean proportion (%) (±standard deviation or standard error) of colonies 

with predation signs and/or snails (PP) was estimated for each species in each habitat, 

within each reef, and zone. Octocoral species with no predation signs and/or with low 

population abundance were not included in downstream analyses (Table 1). 

Table 1:  Total octocoral species and the number of colonies harboring snails. The total number of 

band-transects (20 m2) surveyed in the entire study was 72. 

 

Octocoral species Total colonies No. Snails % Snails 

Briareum asbestinum 130 16 12.3% 

Pseudoterogorgia americana 827 61 7.3% 

Plexaura flexuosa 532 34 6.3% 

Gorgonia ventalina 1153 67 5.8% 

Pseudoplexaura porosa 425 21 4.9% 

Plexaura homomalla 90 4 4.4% 

Plexaurella nutans 30 1 3.3% 

Pseudoterogorgia acerosa 397 6 1.5% 

Pterogorgia guadalupensis 2 1 - 

Muricea spp. 1 1 - 

Eunicea spp. 2 2 - 

*Erythropodium caribaeorum 1 1 - 

*Pterogorgia anceps 1 1 - 

*Pterogorgia citrina 1 1 - 

*Gorgonia flabellum 1 1  

*Gorgonia mariae 3 1 - 
 

*Low abundant octocoral species and colonies observed with snails outside of band-transects were not 

considered in downstream analyses. 
 
 

Data Analyses 

Natural prey preferences of C. gibbosum 

The occupancy patterns of C. gibbosum were evaluated to determine if the spatial 

variability in PP by C. gibbosum was related to the abundances (octocoral spp. density) of 
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preferred octocoral species. Ivlev’s index of electivity was used to estimate natural prey 

preferences of C. gibbosum on octocoral species [33, 38]. Prey electivity, (e) = (ri −Pi)/ (ri +Pi), 

was estimated where ri is the proportion of prey species i utilized and Pi is the proportion 

of prey species i available. Ivlev’s index rates species utilization from −1 to +1, with −1 

indicating total rejection, 0 indicating that prey is taken in proportion to their abundances, 

and +1 indicating a preference of host species to the exclusion of others [33, 39]. Octocoral 

species abundances (densities) were estimated for each transect, habitat (depth), and reef 

by pooling the data. Spearman rank correlation analyses were performed to assess the 

relationship between octocoral abundances (density) and PP (α=0.05). 

Spatial variability of predation pressure (PP) 

To test the hypothesis that there is no spatial variability in C. gibbosum and octocoral 

population densities, data was tested for normality and equality of variance with the 

Shapiro-Wilk test, followed by a one-way ANOVA or Kruskal-Wallis (K-W) tests. To test 

the hypothesis that PP by C. gibbosum on the main octocoral species is similar among 

habitats within reefs, between reefs within zones, across reefs and reef zones, the mean 

proportion (%) values for PP for each spatial level (habitat, reefs, and zones) were 

calculated, arcsine transformed, and independently compared using one-way ANOVA or 

K-W tests. If significant differences were found, pairwise differences were tested with 

Tukey test. Statistical analyses were performed (α=0.05) using SigmaStat v.10.0 (Systat 

Software, San Jose, CA). 
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3.4 Results 

Natural prey preferences of C. gibbosum 

A total of 219 snails were found grazing on 16 different octocoral species spanning eight 

genera and four families (Briaridae, Plexauridae, Gorgonidae, and Anthothelidae). Of the 16 

species, B. asbestinum (12.3%), P. americana (7.3%), P. flexuosa (7.1%), G. ventalina (5.8%), P. 

porosa (4.7%), and P. acerosa (1.5%) were the most frequently observed octocoral species 

harboring snails (Table 1). However, octocoral species with low abundances and colonies 

harboring snails outside of the experimental band-transects were not considered in 

downstream analyses (see Table 1). 

Octocoral species densities were relatively uniform from inshore to offshore reefs 

(Table 2). Ivlev's prey electivity index rating (Brewley a n d  Adey 1982) indicates that C. 

gibbosum preys on various octocoral species relative to their abundance or availability (Table 3). 

Table 2: Octocoral species densities (colonies/m2) for the six most affected octocoral species within each reef along an 

inshore to offshore gradient. 

 

Reef Zone Inner-Shelf  Mid-Shelf  Shelf-edge  

Octocoral spp. Pelotas Enrique San Cristobal Media Luna Old Buoy Weinberg 

B. asbestinum 0.07 0.09 0.05 0.19 0.04 0.15 

G. ventalina 0.73 0.81 1.10 0.86 0.63 0.67 

P. americana 0.94 0.98 0.65 0.42 0.18 0.13 

P. acerosa 0.24 0.35 0.32 0.49 0.03 0.18 

P. flexuosa 0.10 0.55 0.58 0.46 0.20 0.33 

P. porosa 0.10 0.32 0.32 0.44 0.26 0.33 
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Table 3: Ivlev’s prey electivity index for each reef zone for octocoral species harboring snails. Prey election, electivity (e) 

= (ri −Pi)/(ri +Pi), where ri is the proportion of prey species i utilized and Pi is the proportion of prey species i available. 

 

Inner Reefs Occupancy  Availability  Electivity index  

Octocoral spp. f ri f Pi (e= ri-Pi / ri +Pi) Spp. utilization 

B. asbestinum 0 0.000 25 0.019 -1.000 total rejection 

G. ventalina 10 0.156 370 0.280 -0.284 total rejection 

P. americana 33 0.516 496 0.375 0.158 
prop. 
abundance 

P. acerosa 4 0.063 141 0.107 -0.259 total rejection 

P. flexuosa 8 0.125 154 0.117 0.033 
prop. 

abundance 

P. porosa 8 0.125 101 0.076 0.244 
prop. 
abundance 

P. homomalla 1 0.016 34 0.026 -0.238 total rejection 

Total 64 1.0 1321 1.0   

Mid-Shelf Reefs Occupancy 
 

Availability 
 

Electivity index 
 

Octocoral spp. f ri f Pi (e= ri-Pi / ri +Pi) Spp. utilization 

B. asbestinum 5 0.125 58 0.040 0.515 
prop. abundance 

G. ventalina 9 0.225 470 0.327 0.185 
prop. 

abundance 

P. americana 10 0.250 255 0.177 0.171 
prop. 

abundance 

P. acerosa 0 0.000 194 0.135 -1.000 total rejection 

P. flexuosa 10 0.250 250 0.174 0.179 
prop. 

abundance 

P. porosa 3 0.075 182 0.127 -0.257 total rejection 

P. homomalla 3 0.075 28 0.019 0.596 
prop. 

abundance 

Total 40 1.0 1437 1.0   

Shelf-Edge Reefs Occupancy 
 

Availability 
 

Electivity index 
 

Octocoral spp. f ri f Pi (e= ri-Pi / ri +Pi) Spp. utilization 

B. asbestinum 11 0.105 47 0.059 0.280 
prop. abundance 

G. ventalina 48 0.457 313 0.393 0.075 
prop. 
abundance 

P. americana 18 0.171 76 0.095 0.286 
prop. 
abundance 

P. acerosa 2 0.019 62 0.078 0.603 
prop. 

abundance 

P. flexuosa 16 0.152 128 0.161 -0.029 total rejection 

P. porosa 10 0.095 142 0.178 -0.304 total rejection 

P. homomalla 0 0.000 28 0.035 -1.000 total rejection 

Total 105 1.0 796 1.0   
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Spearman rank correlations (Rs coefficient) between octocoral occupancy (colonies 

with snails) and octocoral availability  (palatable prey) covaried significantly at  inner 

(Rs=0.94, p<0.05, P=0.006) and shelf-edge reefs (Rs=0.68, p<0.05, P=0.003), suggesting that 

as palatable octocoral availability increases, snail occupancy also increases (Table 3). In 

contrast, there was no significant correlation in the mid-shelf reefs. Mid-shelf reefs had 

the fewest snails (n=40) and the highest number of octocorals surveyed (n=1421 colonies) 

of all reefs (Table 3). 

Spearman rank correlations between mean (%) PP and densities of each octocoral 

species showed no significant covariation for most species (Table 4).  Although, there was 

a significant (Rs=0.09, p<0.05, P=0.02) positive covariation between mean (%) PP and 

octocoral density for P. porosa and significant negative (Rs= -0.94, p<0.05, P=0.02) 

covariation for G. ventalina (Table 4). No significant correlations were found between 

mean (%) PP and the pooled densities for all octocoral species within each reef (Table 5). 

These results indicate that along an inshore-offshore gradient, C. gibbosum largely preys 

on six different octocoral species relative to the proportion of their abundance in the 

communities off La Parguera, Puerto Rico. 

 
 

 
Table 4: Spearman rank correlations between the mean (%) PP and octocoral species density for the six most 

affected species across all reefs. 

Octocoral spp. Rs                        P-value 

B. asbestinum 0.09 0.80   

*G. ventalina -0.94 0.02   

P. americana 0.14 0.80   

P. acerosa 0.09 0.92   

P. flexuosa -0.26 0.66   

*P. porosa 0.90 0.02  

*Significant values (p< 0.05) 
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Table 5: Spearman rank correlations between the mean (%) PP and the pooled densities of all octocoral species 

within reefs. 

Reefs 
Spearman Rank Pelotas Enrique San Cristobal  Media Luna  Old Buoy Weinberg 

*Rs (rho) 0.49 0.26 -0.73  -0.20  0.54 0.12 

P-value 0.36 0.66 0.10  0.66  0.30 0.80 

*Rs coefficient = Spearman Rank Coefficient 

*No. Samples / correlation (n = 6 reefs) 
 

 
 
 
 

Spatial Variability of Predation Pressure (PP) by C. gibbosum 

Snail densities reached (0.15 ind. /m2) among 3,589 octocoral colonies (2.5 ind. /m2) 

within the 72 band-transects surveyed in this study (Table 1). Overall,  six  octocoral 

species (Briareum  asbestinum, Pseudoterogorgia americana, Plexaura flexuosa, Gorgonia 

ventalina, Pseudoterogorgia acerosa and Pseudoplexaura porosa) were the most affected by 

snail predation (Table 6, Figure 2A). Snails were most often found at the base of the 

colonies or along the main axis, with few along the branches of stiliform, plume-like or 

candelabra-like growth forms. For the species G. ventalina, snails were generally found at 

the base and along the main axes with fewer snails eating on the open fan structure 

(Figure 2B). When pooling all octocorals sampled, no significant differences in C. 

gibbosum densities and/or PP were found among depth habitats within reefs (data not 

shown). Similarly, no significant differences in snail densities and/or PP were found 

between reefs within each zone (data not shown). In contrast, the shelf-edge zone had 

significantly higher (K-W, p<0.05, P=0.001) snail densities and PP compared to the inner- 

and mid-shelf reefs (Table 6, Figure 3). 
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In general, there was high variability in PP within each of the preferred species across 

reefs. Briareum asbestinum and G. ventalina were the only species with significant 

differences in PP across reefs. Briareum asbestinum had significantly (K-W, p<0.05, 

P=0.024) higher PP at Weinberg (21.9%) compared to the other five reefs, while G. 

ventalina was significantly (K-W, p<0.05, P=0.001) higher PP at Weinberg and the Old 

Buoy (16-20%) compared to reefs in the inner and mid-shelf zones (2-4%) (Table 6, Figure 

4). Pseudoterogorgia americana had the highest PP in Pelotas (32.9%) compared to Enrique 

(lowest) (6.7%), and PP was similar in all the other reefs (Table 6, Figure 4). 

Pseudoplexaura porosa (13.7-37.3%), P. flexuosa (16-26.7%), and P. acerosa (2.8-17.4%) 

showed high, but not significant variability in PP across reefs (Table 6, Figure 4). This 

lack of statistical significance is mainly due to the high variance around the means 

produced by differential levels of PP in the sampling units (i.e., some reefs had transects 

with few or no colonies with PP, while others had numerous colonies with high PP). 

No species-specific patterns were observed when comparing PP among species within 

reefs (Table 6, Figure 5). Briareum asbestinum had significantly (K-W, p<0.05) lower PP 

(5.6%) in the Old Buoy compared to P. flexuosa, P. americana and P. porosa in Media Luna 

(Table 6, Figure 5). Plexaura flexuosa and P. porosa had significantly (K-W, p<0.05) higher 

PP compared to G. ventalina, P. acerosa, and B. asbestinum in Enrique, Media Luna and San 

Cristobal, but were similar to the other species in the two shelf-edge reefs (Table 6, Figure 

5).   Pseudoterogorgia americana had significantly higher (K-W, p<0.05) PP compared G. 
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ventalina and B. asbestinum in Pelotas and Media Luna reefs. Pseudoplexaura porosa and P. 

flexuosa had significantly higher (K-W, p<0.05) PP than G. ventalina and P. acerosa in the 

mid-shelf reefs and no significant differences in PP were found across species in both 

shelf-edge reefs (Table 6, Figure 5). 
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Table 6: Mean percent (%), standard deviation and standard error of (PP) (K-W; α =0.05) for the six octocoral species 

showing the highest levels of (PP) within and across reefs. 

 
Species 

G. ventalina 
Reef 

Pelotas 
# Transects 

12 
# Colonies 

175 
# Colonies (PP) 

9 
Mean % 

4.0% 
SD 

0.04 
SE 

0.01 
G. ventalina Enrique 12 195 9 3.8% 0.05 0.01 
G. ventalina San Cristobal 12 263 9 2.8% 0.04 0.01 
G. ventalina Media Luna 12 207 11 3.2% 0.05 0.01 
G. ventalina Old Buoy 12 152 32 20.7% 0.19 0.05 
G. ventalina Weinberg 12 161 25 16.3% 0.12 0.04 

Species Reef # Transects # Colonies # Colonies (PP) Mean % SD SE 

P. acerosa Pelotas 12 58 3 17.4% 0.39 0.11 
P. acerosa Enrique 12 83 3 6.3% 0.19 0.05 
P. acerosa San Cristobal 12 118 1 2.8% 0.10 0.03 
P. acerosa Media Luna 12 76 1 4.2% 0.14 0.04 
P. acerosa Old Buoy 12 18 0 0.0% 0.00 0.00 
P. acerosa Weinberg 12 44 3 9.5% 0.19 0.06 

Species Reef # Transects # Colonies # Colonies (PP) Mean % SD SE 

P. porosa Pelotas 12 25 6 13.7% 0.28 0.08 
P. porosa Enrique 12 76 15 23.6% 0.25 0.07 
P. porosa San Cristobal 12 106 14 15.7% 0.14 0.04 
P. porosa Media Luna 12 76 21 37.3% 0.35 0.10 
P. porosa Old Buoy 12 62 11 15.0% 0.22 0.06 
P. porosa Weinberg 12 80 9 19.5% 0.19 0.05 

Species Reef # Transects # Colonies # Colonies (PP) Mean % SD SE 
P. flexuosa Pelotas 12 23 3 26.7% 0.39 0.11 
P. flexuosa Enrique 12 131 23 24.2% 0.32 0.09 
P. flexuosa San Cristobal 12 110 14 20.9% 0.28 0.08 
P. flexuosa Media Luna 12 140 12 26.0% 0.25 0.07 
P. flexuosa Old Buoy 12 48 8 16.7% 0.26 0.08 
P. flexuosa Weinberg 12 80 11 21.0% 0.20 0.06 

Species Reef # Transects # Colonies # Colonies (PP) Mean % SD SE 

P. Americana Pelotas 12 261 18 32.9% 0.32 0.09 
P. Americana Enrique 12 235 14 6.7% 0.19 0.05 
P. Americana San Cristobal 12 155 14 11.2% 0.17 0.05 
P. Americana Media Luna 12 100 21 21.6% 0.32 0.09 
P. Americana Old Buoy 12 45 10 22.9% 0.29 0.08 
P. Americana Weinberg 12 31 10 14.0% 0.27 0.07 

Species Reef # Transects # Colonies # Colonies (PP) Mean % SD SE 
B. asbestinum Pelotas 12 4 0 0.0% 0.0 0.00 
B. asbestinum Enrique 12 21 0 0.0% 0.0 0.00 

B. asbestinum San Cristóbal 12 12 5 16.7% 0.31 0.09 
B. asbestinum Media Luna 12 46 0 5.6% 0.15 0.04 

B. asbestinum Old Buoy 12 10 2 5.6% 0.13 0.04 
B. asbestinum Weinberg 12 37 9 21.9% 0.28 0.08 



50 

 

 

 
 
 
 

 
 

Figure 2A: Photographs showing the snail Cyphoma gibbosum grazing on several species of octocoral. 

Two snails each on a single colony of P. americana, P. homomalla and P. acerosa (A, B, C).  A branch of 

P. porosa with a large portion of tissue eaten by one snail (D). Snail eating tissue from B. asbestinum (E, 

F) and P. nutans (G). (Photo credit: E.Weil). 
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Figure 2B: Photographs showing a medium size colony of G. ventalina with four snails and scar areas 

produced by its feeding activity on the main axis and blade (A, B). Close up of the damage produced 

by the snail feeding (C, D), and a large colony showing the impact of predation activity of one snail 

along the main axes and the blade (E). These damaged tissue areas are susceptible to infections by 

pathogens and/or could be rapidly colonized by algae, sponges or Millepora which could increase sea 

fan tissue mortality (Photo credit: E.Weil). 
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Figure 3: Mean (%) predation pressure by C. gibbosum on the octocoral community (pooled data) for each reef zone 

(upper left) and reef locality (bottom left) and their associated mean C. gibbosum densities (right column). 
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Figure 4: Mean (%) predation pressure variability by C. gibbosum on the most affected octocoral species across 

reefs in La Parguera. Error bars represent the standard error. Reef Sites: PL= Pelotas; EN= Enrique; SC= San 

Cristobal; ML= Media Luna; OB= Old Buoy; WB= Weinberg. 
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Figure 5: Variability in mean (%) PP by C. gibbosum across the six major octocoral prey species within 

each reef off La Parguera. Error bars represent the standard error.
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3.5 Discussion 

 
This study found no consistent patterns in the levels of PP across the inshore- 

offshore gradient for all octocoral species surveyed. Nonetheless, the sea fan G. ventalina 

showed the highest PP in the two offshore reefs where its own densities and that of the 

other branching and plume-like species were lower than in mid- and inner- shelf reefs. 

However, G ventalina was the most abundant octocoral (accounting for 40%) of all 

octocorals surveyed in the spur and groove formations of the shelf-edge zone. 

Predation on C. gibbosum by fish and other invertebrates has been proposed as one of 

the mechanisms controlling its abundances and distribution (Chiappone et al. 2003; 

Burkepile and Hay 2007), and therefore,  may be influencing the differential distribution of 

C. gibbosum’s PP on octocorals. The high abundances of snails on sea fans in the two 

offshore reefs may indicate a lack of significant PP on the snail due to overfishing in 

combination with low densities of the snail’s other preferred octocoral prey. Results for 

the other reefs suggests that if G. ventalina and the other preferred species have similar 

and/or high densities, C. gibbosum prefers them over G. ventalina, which showed 

significantly lower PP in these reefs. This raises the question as to whether prey 

preference is driven by the quality of the food supply, the refuge provided by the 

structurally more complex plume and branching species, or other ecological functions, 

such as mating or egg deposition sites that the octocoral host provides the snail (Lasker 

et al. 1988) and how is it regulated by natural predation pressure on the snail. 

Burkepile and Hay (2007) investigated the impact of snail predators using cage and 

uncaged treatments and showed that, when large predators were excluded, there were 
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significant increases in snail densities and predation on octocorals. The removal of large 

predators allowed an increase of C. gibbosum abundances (19x) consequently resulting in 

an increase in predation on octocorals. They further stated that a (0.8 meter) tall colony 

of Eunicea calyculata displayed approximately 75% live tissue mortality (Burkepile and Hay 

2007). 

While the impact of C. gibbosum is considered minimal, given the intense fishing 

pressures and the rapid removal of their predators, there is precedent for concern of 

outbreaks negatively affecting octocoral communities. Reefs in La Parguera continue to 

be heavily overfished with significant changes in species composition and fish 

community structure in coral reefs (Ruiz-Moreno et al. 2012; Ballantine et al. 2008), 

which may explain the observed increase in population densities of the snail in the area 

over the years (E. Weil pers. obs.). This (overfishing), in combination of successful 

reproductive events could increase the likelihood of snail population outbreaks, such as 

the one observed at Mona Island in (Schärer and Nemeth 2010), which could lead to 

significant increase in PP on the octocoral community of La Parguera’s reefs. A similar 

condition has been observed in another coral predator by the gastropod Coralliophila 

abbreviata, which has a wide list of scleractinian coral prey (Brawley and Adey 1982; Ott 

and Lewis 1972; Bruckner et al. 1997). Bruckner et al. (1997) followed the movements and 

feeding rates of C. abbreviata on Acropora palmata off La Parguera. Their findings showed 

that a combination of reduced A. palmata densities due to the white band disease 

epizootic, environmental disturbances, and overfishing of natural predators of the snail 

could increase abundances and significant predation damage by C. abbreviata, contributing  
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to the demise of A. palmata colonies inhabiting the inshore reefs of southwestern Puerto 

Rico (Baums et al. 2003). Similarly, a 75% decrease in A. palmata colonies in the Florida 

Keys occurred after Hurricane Georges (1998), followed by a doubling of the proportion of 

colonies infested with snails (from 19% to 46%), and an increase in snail density per infested 

colony as snails concentrated on surviving A. palmata, which significantly increased the 

predation impact on A. palmata populations (Baums et al. 2003). 

Overall, the spatial variability of PP and Ivlev’s index of electivity suggests that C. 

gibbosum naturally preys on B. asbestinum, P. americana, P. acerosa, P. flexuosa, G. ventalina, 

and P. porosa relative to their abundances or availability across reefs. Although, Ivlev’s 

index weights electivity for rare species disproportionately, the combined results of PP 

and electivity in this study corroborate the notion that prey preference seem to be related 

to octocoral abundances, rather than feeding preferences alone. In addition, correlation 

analyses between mean (%) PP and the density of individual octocoral species within 

each reef revealed no significant covariation for most species, however. In contrast, there 

was a weak negative correlation between the mean (%) PP and the densities of G. 

ventalina colonies across all reefs, inshore to offshore reefs for G. ventalina. Similarly, 

there was a strong positive correlation between the mean (%) PP and the densities of P. 

porosa across all reefs, inshore to offshore reefs. 

These data indicate that PP by C. gibbosum predation increases as octocoral 

abundances decrease. The result corresponds with the observation that C. gibbosum 

differentially preys or utilizes different octocoral species relative to their abundances. For 

example, when  stiliform and plume-like or candelabra-like growth forms are abundant 
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and readily available they are preyed on more frequently than the openly exposed fans 

of G. ventalina, which also renders them vulnerable to predation by fish, lobsters, etc. In 

addition, there were no significant correlations between the mean (%) PP and  the pooled 

snail densities  for all octocoral species  within each  reef, thus supporting the notion that 

when octocoral species abundances vary, predation by C. gibbosum will vary accordingly. 

In general, these results suggest that the natural prey preferences of C. gibbosum might be 

linked to a combination of differential spatial distributions and octocoral species 

abundances, feeding preferences of C. gibbosum, and predation pressure on snail 

populations. 

Chiappone et al. (2003), suggested for spur and groove reefs in Florida that most 

octocoral  hosts  are  readily  available  and  probably  not  food  limited  due  to  C. 

gibbosum's ability to tolerate high levels of octocoral chemical defenses (Vrolijk and 

Targett 1992). Whalen et al. (2010) investigated the genetic diversity, transcriptional 

responses, and enzymatic activities of cytochrome P450s (CYPs) in seven octocoral 

species potentially linked to detoxification of allelochemicals in C. gibbosum. The 

authors link the induction of specific CYP transcript expression and corresponding 

enzymatic activity in C. gibbosum to differences in octocoral prey (Whalen et al. 2010). 

Specifically, their results show that only snails consuming P. homomalla demonstrated 

greater induction of CYP transcripts (2.7- to 5.1-fold), as well as a corresponding 

increases in the metabolic activity of eicosanoid LTB4 (i.e., a prostaglandin that serves as a 

feeding deterrent molecule) in the digestive gland of snails (Whalen et al. 2010). Their 

findings are consistent with previous research indicating that the tissues of the Caribbean 
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genus Plexaura contain high concentrations of prostaglandins (Whalen et al. 2010; Schneider 

et al. 1977). The authors conclude the possibility that allelochemicals in P. homomalla 

induce Cyphoma CYP4 enzymes and may serve to detoxify chemical defenses of 

octocorals. Although their findings are no indication of prey preferences in C. gibbosum, 

predation on Plexaura species rich in unique prostaglandins may serve as an evolutionary 

innovation in C. gibbosum’s ability to tolerate allelochemically rich octocoral prey (Whalen 

et al. 2010), as well as securing prey that is not readily available to other predators. Future 

in-situ and laboratory experiments may provide better insight on more specific prey 

preferences and increase our understanding of the feeding behavior, ecological dynamics, 

and the potential of C. gibbosum to regulate octocoral community structure in Caribbean 

reef communities. 

Overall, the predatory snail C. gibbosum was observed on 16 different octocoral 

species spanning eight genera and four families (Briaridae, Plexauridae, Gorgonidae, and 

Anthothelidae). Although this study lacks temporal observations, the spatial 

distribution (differential abundances) of preferred octocoral species, local ecological 

conditions, and reduced snail predation pressure are the most parsimonious factors 

explaining predation patterns of C. gibbosum on the octocoral communities off the coast 

of La Parguera. The predatory or foraging behavior of C. gibbosum is not likely to have 

detrimental impact on octocoral populations under low snail population densities and 

high prey densities; however, population outbreaks of the snail or high mortalities of 

preferred prey or a combination of these are bound to significantly increase the impact 

of predation by the snail on octocoral communities. In La Parguera, overfishing has 
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removed most snail predators and there is concern over population outbreaks of 

invertebrate corallivorous species, such as C. gibbosum and C. abbreviata, resulting in 

increased predation to octocoral and coral colonies, loss of reproductive tissue and a 

source of vectoring diseases. Future work should include long-term laboratory and in situ 

studies that investigate the partitioning of ecological behaviors, including mating, egg 

deposition, as well as foraging patterns and prey preferences across octocoral 

communities.  Monitoring octocoral communities and their predators will be 

increasingly important in broadening our understanding of the complex trophic 

interactions among Caribbean coral reef communities. 
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Chapter 4. Linking coral reef remote sensing and field ecology: it’s a matter of scale.  

Lucas MQ & Goodman JG (2015) J. Mar. Sci. Eng. 3(1), 1-20; doi: 10.3390/jmse3010001 

 
4.1 Abstract 

Remote sensing shows potential for assessing biodiversity of coral reefs. Important 

steps in achieving this objective are better understanding the spectral variability of 

various reef components and correlating these spectral characteristics with field-based 

ecological assessments. Here we analyze >9400 coral reef field spectra from southwestern 

Puerto Rico to evaluate how spectral variability and, more specifically, spectral similarity 

between species influences estimates of biodiversity. Traditional field methods for 

estimating reef biodiversity using photoquadrats are also included to add ecological 

context to the spectral analysis. Results show that while many species can be 

distinguished using in situ field spectra, the addition of the overlying water column 

significantly reduces the ability to differentiate species, and even groups of species. This 

indicates that the ability to evaluate biodiversity with remote sensing decreases with 

increasing water depth. Due to the inherent spectral similarity amongst many species, 

including taxonomically dissimilar species, remote sensing underestimates biodiversity 

and represents the lower limit of actual species diversity. The overall implication is that 

coral reef ecologists using remote sensing need to consider the spatial and spectral context 

of  the  imagery,  and  remote  sensing  scientists  analyzing  biodiversity  need  to  define 

confidence limits as a function of both water depth and the scale of information derived, 

e.g., species, groups of species, or community level. 
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4.2 Introduction 
 

Remote sensing has become increasingly important among the fields of ecology, 

biodiversity, and conservation, appealing to scientists by providing repeat temporal 

observations over broad spatial scales and offering relative simplicity for acquiring data 

over large areas, as compared to extensive fieldwork (Kerr et al. 2003; Turner et al. 2003; 

Wang et al. 2010). Given numerous anthropogenic stressors, in conjunction with recent 

climate change, the species range and composition of various marine and terrestrial 

communities are rapidly declining (Walther et al. 2002; Hoegh-Guldberg et al. 2002; 

Ateweberhan et al. 2013). Thus, rapid and repeatable assessment of coral reef ecosystems 

has become an important objective for monitoring the associated impacts of climate 

change on coral reef communities (Scopélitis et al. 2009, 2010; Goodman et al. 2007; Joyce 

et al. 2013). In this regard, remote sensing technologies provide valuable information 

related to the spatial analysis of ecosystem properties, including habitat composition, 

biodiversity, and the design of marine protected areas (Green et al. 2009; Dalleau et al. 

2010; Eakin et al. 2010). Further, the available remote sensing tools and analysis 

techniques are ever evolving, and new capabilities continue to emerge, including sensors 

with improved spatial and spectral resolution (Wang et al. 2010; Medina et al. 2013; 

Goodman et al. 2013). 

Hyperspectral remote sensing (imaging spectrometry) in particular shows strong 

potential for developing enhanced analysis tools to assess patterns and processes of reef 

composition and biodiversity (Mumby et al. 2004; Hochberg et al. 2003; Goodman and 

Ustin 2007; Lesser and Mobley 2007; Lucas et al. 2008; Herkül et al. 2013; Joyce et al. 2013).  
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However, to better leverage this technology, it is important to improve our 

understanding of the spectral characteristics and relationships of the various reef 

components. It is the variability in composition and structure of different components 

that manifests as variability in spectral reflectance, and inverting this relationship 

through image analysis facilitates the identification and classification of coral reef 

biota and substrates using remote sensing. Past research indicates that reef components 

can be differentiated according to general categories, e.g., live coral, carbonate sand, 

macroalgae, and seagrass (Hochberg and Atkinson 2003; Lesser and Mobley 2007; 

Herkül et al. 2013 Joyce et al. 2013; Hochberg et al. 2004; Karpouzli et al. 2004; Hedley et 

al. 2004; 2012). This knowledge has assisted with the development of reef classification 

schemes, but further research is required to evaluate how the spectral variability between 

categories and within categories affects image-derived estimates of biodiversity. 

Additional research is also required to identify and specify limits on our ability to 

differentiate species according to their spectral characteristics. More specifically, it has 

been shown that reef species can be generally categorized into a discrete number of 

categories with many species exhibiting similar spectral characteristics (Hochberg et al. 

2003). The inability to classify or distinguish distinct coral species as a function of spectral 

reflectance results because many coral species share a common suite of pigments that are 

conserved over geographic and taxonomic boundaries (Hedley et al. 2002; Hochberg et al. 

2004). Additionally, only limited research has been conducted to examine how species 

separability, and hence detectability via remote sensing, changes with varying water 

properties and water depth (e.g., (Hedley et al. 2008; 2009; Botha et al. 2013). As such,  
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detailed spectral taxonomic classification and further environmental details are needed at 

appropriate spatial and temporal resolutions to improve ecological assessments (e.g., 

estimates of abundance, distribution, patchiness, and biodiversity) and better inform reef 

management decisions (Lubin et al 2001; Turner et al. 2003; Scopélitis et al. 2010; Dalleau 

et al. 2010; Pettorelli et al. 2014). 

Numerous studies have successfully integrated fieldwork and various remote sensing 

techniques that have identified coral morphologies, habitat maps, live coral indices, coral 

reef resilience indicators, and other general reef categories (Hochberg and Atkinson 2003; 

Scopélitis et al. 2010; Mumby et al. 2004; Joyce et al. 2013; Karpouzli et al 2004; Knuby et 

al. 2007; 2013). Likewise, the ability to detect coral bleaching (Holden 2000; Yamano and 

Tamura 2004; Ziskin 2011; Hedley et al. 2012) and diseased states in corals (Anderson et 

al. 2013), continues to improve with recent advances in remotes sensing. Even so, coral 

reef managers are yet calling for an improved understanding of biodiversity (species) 

estimates derived through remote sensing (Kerr et al. 2003; Turner et al. 2003; Pettorelli et 

al. 2014). Towards that end, it is necessary to further examine detailed spectral variability 

of the spatially dominant reef species (i.e., those species that significantly contribute to the 

remote sensing signal), as well as analyze how inter- and intra-species spectral 

relationships vary as a function of environmental characteristics and water depth. Also of 

fundamental importance is determining the appropriate spatial scale for a given 

investigation as well as being able to effectively interpret and put that information in 

context across different spatial scales (Wiens 1989; Marceau 1999; Blaschke and Geoffrey  
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2001; Knudby et al. 2007; Roelfsema et al. 2010). To objectively evaluate these 

requirements, locally optimized projects (i.e., fine spatial scale reef habitat plots ~5 m2), 

where high spatial and high spectral resolution imagery (i.e., hyperspectral) coincide with 

detailed in situ spectral measurements and ecological field data, are needed to assess the 

spectral processes that reflect the composition, distribution, and biodiversity found on 

coral reefs. 

The objective of this study is to provide a broader understanding of reef spectral 

variability and the effect of depth on our ability to distinguish species, groups of species, 

or even major reef components (i.e., sand, algae, seagrass, dead coral, live coral). We also 

aim to invoke further discussion and additional research on the relationships between 

spectral diversity and species diversity. Here we describe methods that provide the 

opportunity to correlate spectral characteristics with localized in situ measurements of 

biodiversity (species) that can be scaled-up to the spatial resolution and geographic extent 

provided through remote sensing image analysis. Specifically, the goals of this study are 

to: (1) identify the spectral characteristics of the spatially dominant taxa for a coral reef 

system in southwest Puerto Rico; (2) assess the ability to differentiate species based on 

spectral characteristics; and (3) examine how spectral separability and varying water 

depth impact our ability to estimate biodiversity and classify species, or groups  of 

species, using remote sensing data. 
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4.3 Methods 

To evaluate spectral characteristics of different species and different groups of species, 

an extensive sample of in situ spectral measurements were acquired from the spatially 

dominant reef and seagrass species in southwestern Puerto Rico. A semi-analytical 

algorithm for the water column was next used to model the influence of increasing water 

depth on the average spectral reflectance of each species. The resulting spectra at each 

depth were then grouped according to spectral similarity using hierarchical clustering. In 

the same study area, corresponding photoquadrats were collected from small habitat 

plots and visually analyzed to determine field estimates of biodiversity. These field 

estimates were then recalculated at each depth using the results of the spectral clustering 

analysis to demonstrate the influence of increasing water depth and spectral similarity on 

remote sensing derived biodiversity. 

Reef Field Spectra 

Field reflectance spectra were collected in situ from amongst the inner shelf reefs of 

southwestern Puerto Rico, focusing predominantly on Enrique Reef, using a GER-1500 

spectrometer in an underwater housing with attached illumination source (Spectra Vista 

Corporation, Poughkeepsie, NY, USA; Figure 1) (Goodman 2004; 2007). The GER-1500 

measures 512 spectral bands from 350 to 1050 nm at a 1.5 nm sampling interval. The unit 

is self-contained and can be easily operated using external controls on the underwater 

housing. The attached quartz halogen light provided steady, spectrally consistent, light 

with which to acquire measurements, and thus effectively eliminated uncertainties 

associated with the inherent variability of the natural underwater light environment. 

Field methodology followed standard spectral collection protocols, where target  



70 
 

measurements of species and substrate were normalized to reflectance using 

contemporaneous in situ reference measurements of a 99% Spectralon panel (Labsphere, 

North Sutton, NH, USA). Included in the final data were measurements of 40 different 

marine species, representing Cnidaria, Porifera, and submerged aquatic vegetation (e.g., 

seagrass and algae), as well as representative samples  of numerous sand areas. The 

resulting coral reef spectral library was organized by taxa, size, and spatial dominance, 

and cataloged using SAMS (Spectral Analysis and Management System) [46]. Data was 

analyzed to calculate the mean and standard deviation for each individual species plus 

sand, resulting in representative reflectance spectra for 41 different reef components. 

 
 

 
 

 

Figure 1: The GER-1500 spectrometer in underwater housing with attached illumination (left) and a map of 

the study location off the coast of southwestern Puerto Rico (right). 
 
 
 

Separability Analysis and Water Column Modeling 
 

Measured field spectra represent reflectance at zero water depth, where the artificial 

illumination and reference Spectralon measurements serve to effectively remove influences 

http://www.mdpi.com/2077-1312/3/1/1/html#B46-jmse-03-00001
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of varying water properties, fluctuating natural light, and differing water depths. While 

useful for in situ spectral analysis and remote sensing studies with robust water column 

correction schemes (which are difficult to achieve and not typically the norm),  it  is  

informative  to  investigate  how  the  water  column  influences  spectral relationships 

at different depths. 

To introduce a simulated water column to the average reflectance spectra for each of 

the measured 41 reef components, water column modeling was performed using the 

semi-analytical algorithm developed by Lee et al. 1998, 1999). This is a widely accepted 

model in the remote sensing community that is commonly used as an “inverse” model to 

derive coastal water properties from hyperspectral imagery (Lucas et al. 2008), whereas 

here it is used in an equally applicable role as a “forward” water column model. Here the 

model is used as a discrete example of how the water column can influence spectral 

characteristics at the water surface; however, analysis could also be adapted to other 

water properties, models and measurements, or extended to also consider the additional 

confounding impact of variations in water properties. In this study, a set of default values 

were used to parameterize the model for clear tropical water: phytoplankton absorption 

at 440 nm = 0.05 m−1; detritus/gelbstoff absorption at 440 nm = 0.05 m−1; and particle 

backscattering at 440 nm = 0.01 m−1. Output from the model, which was replicated at 1, 3, 

5 and 10 m water depths, represents reflectance spectra at the water surface (i.e., as if 

viewing each reef component through the water column). 

A quantitative analysis was used to calculate the similarities and differences, and 

thereby assess the ability to spectrally differentiate, between the various reef components 
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at each depth. The metric selected for quantifying the level of separability was spectral 

angle, which calculates the “angle” between two spectra in n-dimensional space (Kruse et 

al. 1993). The smaller the angle, the less separable two spectra are considered. Spectral 

angle was calculated pairwise at each depth (0, 1, 3, 5 and 10 m) for all possible 

combinations of reef components. A weighted hierarchical clustering scheme (cluster 

distance is the average distance of pairs between each cluster weighted by number of 

members in each cluster) was used to generate optical dendrograms (as opposed to 

taxonomic) that define how components are progressively grouped as a function of 

increasing spectral angle (Exelis Visual Information Solutions, 8.3). 

Field estimates of biodiversity 

To correlate the spectral analysis with reef composition and biodiversity, 

photoquadrat images were obtained from selected habitat plots on Enrique Reef. Photo 

acquisition coincided with a 2013 airborne hyperspectral mission conducted over the 

same area, which is being used in a related project to investigate and develop remote 

sensing estimates of biodiversity. The particular study location, Enrique reef, is an 

important component of the CenSSIS-SeaBED project (Goodman et al. 2008); where over 

the last decade UPRM researchers have compiled an extensive array of image and field 

data as support for testing and validating remote sensing algorithms for benthic habitat 

mapping. Habitat types on Enrique Reef include large areas of seagrass, patches of pure 

carbonate sand, and a diverse coral reef community including areas of both hard and soft 

coral. The reef measures approximately 1 × 0.5 km, and includes water depths ranging 

from >10 m along the fore and back reef, 1–3 m along the reef flat, and <1 m along the reef 
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crest, with areas of exposed sand and rubble and emergent mangroves. 

Photoquadrat images were obtained from selected plots within the seagrass (n = 44) 

and coral reef (n = 26) habitat areas on Enrique Reef. For each habitat plot, a 1 × 1 m 

quadrat was randomly placed five times within a 2 m distance around a central point 

(marked with buoys), acquiring high quality photographic images of each quadrat 

location using a Nikon P7000 digital camera (Figure 2). The five photoquadrats sampled 

for each plot were used to statistically represent the 4 × 4 m (16 m2) habitat characteristic 

for each plot. Individual plots were randomly located within each habitat type a 

minimum distance 10–15 m apart, and a Magellan Mobile Mapper 6 GPS was used to 

record the central location of each plot. 

 

 
 

 
 

Figure 2: (a) Flagged rebar was hammered into non-living substrate and tightly tethered to the surface to 

mark the GPS location for each habitat plot; (b) Photoquadrat of seagrass area mixed with soft corals; (c) 

Photoquadrat of from the reef crest area showing soft corals, hard corals, encrusting sponge, algae and non- 

living substrate; (d) Recording the GPS location of a habitat plot (tethered buoy). 
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Summary statistics of habitat composition were derived from each group of five 

photoquadrats for each plot (pooled photoquadrats) using on-screen visual classification 

and identification (Dethier et al 1993; Pante and Dustan 2012). The resulting statistics 

were used to calculate diversity using the Shannon Weiner Index, where the exponential 

of Shannon entropy (Whittaker 1972; Jost 2007), “diversity of order one”, was utilized to 

provide meaningful comparisons of biodiversity across this single marine landscape 

(inclusive of seagrass beds, sand patches, and coral communities). Considering that 

estimates of alpha diversity (habitat) and beta diversity (extent of differentiation among 

those habitats) (Whittaker 1972) are independent, the exponential of Shannon entropy 

accounts for all species according to frequency, and rare or common species are not 

favored disproportionately, therefore making it the “fairest” index for the purposes of 

differentiation among the given coral reef habitats (Equation 1): 

D1=exp(−∑i=1Rpiln(pi))=exp(H'), where 1D is diversity of order one, pi is the relative 

proportion of species i relative to the total number of species R, and H' is the Shannon 

index value calculated using natural logarithms (Jost 2007). 

Utilizing results from the separability analysis, which provided an indication of how 

reef components group together spectrally (not taxonomically), calculations of the 

Shannon index were repeated for different water depths using the indicated spectral 

groupings. In other words, wherever analysis revealed certain species could not be 

reasonably differentiated spectrally, these species were grouped together and the 

Shannon index was recalculated with a reduced number of total “species”. Using output 

from the hierarchical clustering scheme at each depth, species were deemed spectrally 
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inseparable if the spectral angle was <0.1; and conversely, separable if the spectral angle 

was ≥0.1. The 0.1 threshold is a common default value in spectral analysis; however, the 

threshold could be adjusted to reflect the specific variability of any given spectral dataset. 

The separability analysis allowed field measurements of biodiversity to be adapted to the 

remote sensing perspective, demonstrating how spectral characteristics influence what 

can be resolved in remote sensing imagery. 

4.4 Results 
 

Reef Field Spectra 

A total of 9400 in situ spectra samples (after removing erroneous or noisy spectra) 

were collected from 41 reef components in five categories: hard corals, soft corals, 

sponges, submerged aquatic vegetation (SAV; i.e., seagrass and algae), and carbonate 

sand (Table 1; Figure 3 and Figure 4). Not intended to be inclusive of all species in the 

study area, these components represent a comprehensive sampling of those species that 

are individually or aggregately sizeable enough to contribute significantly to the remote 

sensing signal. Hence, these components also represent the feasible upper limit of 

taxonomic detail that can be achieved for remote sensing of biodiversity in this area. 

Table 1: Summary of field reflectance spectra (R) collected from shallow reef areas in southwestern Puerto 

Rico. Instrument configuration was set to automatically record and average four samples for each 

measurement. 
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The individual reflectance spectra exhibit smooth curves with negligible noise from 400 to 

800 nm, demonstrating the advantages of using artificial light. More specifically, given 

the challenges of acquiring in situ underwater measurements using natural sunlight, 

which are susceptible to fluctuations in the incident downwelling light (e.g., associated 

with light refraction, wave focusing, variable wave height, and instrument and diver self- 

shading), utilizing artificial light minimizes the uncertainty associated with these 

unwanted natural light variations. As a result, observed variations in spectra can be 

confidently attributed to actual physical variations in species and substrate reflectance 

characteristics. Figure (3) illustrates an example subset of spectra acquired from a single 

coral species (A. palmata), where it is evident that while variability exists within the 

individual measurements  for this species there is  also a strong degree of  similarity. 

Considering that similar relationships are observed amongst all of the measured species 

(Figure 4), this indicates that spectral similarities can exist both within and between 

different species. 
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Figure 3: Representative individual spectra measured for Acropora palmata; examples shown here are 10 

spectra subset from a total sample size = 139 spectra. 
 

 
 
 

 

 
Figure 4: Representative average spectra for ten coral species; examples shown here are subset of the 25 

total Cnidarian species sampled (5556 samples; 1389 reflectance spectra). 
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Spectral Separability 

Analysis of spectral separability, and correspondingly spectral similarity, was 

performed at two different taxonomic levels: (i) as groups of related species; and (ii) 

ungrouped as individual species. Calculations were performed using 38 of the 41 

measured components, eliminating those with fewer than 10 spectral measurements and 

thereby retaining only those components with sufficient sampling to be considered 

representative of each species’ reflectance characteristics. 

The first level of analysis grouped the reef spectra into four fundamental components: 

coral, sponge, submerged aquatic vegetation (SAV), and sand. Average spectra were 

generated, and results were used to calculate spectral angles between the components as 

well as generate optical dendrograms for each of five water depths: 0, 1, 3, 5 and 10 m. 

Using a reasonable spectral angle threshold of 0.1 it is evident that the average in situ 

field spectra of these components exhibit unique reflectance characteristics and can be 

readily differentiated at 0 and 1 m water depth (Figure 5). However, with increasing 

water depth the relative separability of these four components decreases. For example, 

even when considering a lower spectral angle threshold, it is more difficult to 

differentiate sand from SAV and coral from sponge at 3 m water depth, and at 10 m water 

depth the system is essentially reduced to two differentiable components: sand vs. coral, 

sponge and SAV (Figure 5). It is also instructive to observe that the hierarchical 

relationships can change with depth (e.g., SAV is most closely grouped with sand up to a 
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depth of 5 m and then shifts to coral as its closest spectral component at 10 m), an 

observation that is even more  apparent in the results that  follow for the individual 

species. 

When applying the same pairwise spectral angle calculations and optical dendrogram 

creation using the average individual spectra, results reveal that even at 0 m water depth 

there are already many species that are difficult to separate spectrally (Figure 6). In some 

cases species group together within categories, such as coral with coral (e.g., D. 

labyrinthiformis and D. cylindricus), but in other cases species are grouped outside their 

respective categories, such as coral with algae (e.g., Porites spp. and Dictyota spp.). While 

biologically different, this spectral similarity across categories may be explained by the 

presence of common photosynthetic pigments between species. For example, Hochberg et 

al. (2006) and Torres et al. (2012) both provide evidence that certain corals contain the 

same pigments (e.g., carotenes and xanthophyll) that also characterize brown algae. When 

the effects of the water column are included, the ability to distinguish individual species 

diminishes significantly with increasing water depth (Figure 7). [Note: for brevity only 

the optical dendrograms from 3 and 10 m water depth are displayed here]. Furthermore, 

varying water depth is also accompanied by substantial variations in how spectra are 

grouped, regardless of taxonomic relationship. For example, Dictyota spp. is most closely 

grouped with Porites spp. at 0 m depth, whereas at 3 m, it is grouped with Halimeda spp. 

and at 10 m, it is grouped with Diploria spp. These changing spectral relationships are 
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attributed here to the inherent nonlinearity of light interaction and attenuation in the 

water column; but when also considering intra-species spectral variations these 

relationships can be further influenced by depth dependent differences in photosynthetic 

pigment content within species (Segura 1981). This indicates that unless such variations 

are accounted for, significant uncertainty can be associated with species-level spectral and 

image analysis. Furthermore, considering the correlation between increasing depth and 

decreasing spectral separability, these results also affirm the importance of compensating 

for variable water depth (e.g., using a depth invariant index, semi-analytical algorithm or 

radiative transfer model) when deriving habitat classifications and biodiversity estimates 

using remote sensing. 
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Figure 5: Optical dendrograms illustrating the effect of increasing depth on separability of field spectra 

grouped into four fundamental reef components: coral, sponge, submerged aquatic vegetation (SAV), and 

sand. 
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Figure 6: Optical dendrogram for 0 m water depth illustrating separability of field spectra from 24 coral 

species, 10 sponge species, 3 submerged aquatic vegetation (SAV) species, and sand. 
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Figure 7: Optical dendrograms for 3 and 10 m water depth illustrating the effects of increasing depth on 

separability of field spectra from 24 coral species, 10 sponge species, 3 submerged aquatic vegetation (SAV) 

species, and sand. 
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Field Estimates of Biodiversity 

Photoquadrats were acquired from a total of 90 plots distributed across three different 

habitat categories: coral reef community (n = 26), dense seagrass (n = 44), and pure sand (n 

= 20). As expected, field estimates of biodiversity derived from photoquadrats using the 

Shannon index (order one diversity) exp(H′), revealed different magnitudes of 

biodiversity corresponding to each of the three habitat areas. Estimates ranged from no 

biodiversity exp(H') = 1 in areas of pure carbonate sand, low/moderate diversity exp(H') = 

1–3 in seagrass areas, and high biodiversity exp(H') = 10 in reef communities. After using 

results from the separability analysis to group spectrally similar species and recalculate 

the Shannon index for different depths, it is observed that estimated biodiversity, as well 

as the range and standard deviation, decreases with increasing water depth (Figure 8). 
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Figure 8: Estimates of biodiversity calculated using the exponential of Shannon entropy, exp(H′), 

illustrating influence of increasing spectral similarity amongst reef species as a function of increasing water 

depth: 0* is biodiversity obtained from photoquadrats, 0** is biodiversity calculated using only those 

species considered prevalent or sizable enough to significantly influence the remote sensing signal (i.e., 

species included in the spectral measurements for this study area), and 0–10 is biodiversity calculated with 

consideration for optical similarities amongst species (i.e., based on hierarchical clustering of reflectance 

spectra as influenced by the overlying water column). 
 

 
 

This indicates that depth-influenced estimates of biodiversity derived from remote 

sensing (i.e., optical diversity) can significantly underestimate biodiversity and represents 

the lower limit of actual species diversity. For example, depending on water depth, 

species composition, and the associated spectral relationships, a hypothetical optical 

diversity index of 1 for seagrass could indicate an actual biodiversity index of 1–3, whereas 

and optical diversity index of 1 for coral could indicate a biodiversity index as high as 

10. Based on this analysis, it appears feasible to derive mathematical relationships 
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for each habitat type that correlate optical diversity with biodiversity as a function of 

water depth, and then utilize these empirical functions to normalize remote sensing 

derived estimates of biodiversity. Although implementation of such a technique would 

require knowledge of water depths for a given study area, these values are often available 

from bathymetric charts or can alternatively be estimated directly from the imagery. 

The overall results of this investigation suggest three important implications for 

remote sensing of biodiversity: (1) unless the influence of the water column is accounted 

for, then estimates of biodiversity for any given area will be depth-biased; (2) given the 

occurrence of spectral similarity amongst reef species, even without influence of the water 

column, biodiversity estimates should not be considered absolute but rather the 

minimum or lower limit of true biodiversity; and (3) even small or moderate differences 

in remote sensing derived optical diversity may indicate substantial differences in actual 

species diversity. 

4.5 Discussion 

This study explored spectral relationships of reef components in southwestern Puerto 

Rico and illustrates how the overlying water column can impact these relationships. 

Results indicate that the ability to distinguish individual species significantly diminishes 

with increasing water depth, thereby contributing a level of uncertainty to any spectrally 

derived estimates of biodiversity, such as through remote sensing. Additional 

considerations  not  addressed  in  this  analysis,  but  that  would  contribute  further 
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uncertainty, include: variable water properties and water surface conditions, differing 

sensor spectral and spatial characteristics, within-species spectral variations, and overly 

simplified or  imperfect water  correction schemes. Thus, it is  expected that the 

observations illustrated here for Puerto Rico would be equally applicable to reef remote 

sensing elsewhere around the globe. So, if species level distinctions are not feasible with 

remote sensing imagery, then what can be detected in a remote sensing pixel? At what 

level can biodiversity be measured? Moreover, can a biodiversity index for coral reefs be 

conceived using remote sensing? And if so, how do we correlate spectral diversity 

measured in remote sensing with biodiversity and reef composition values generated 

from field data? The answers to these questions lie in continuing to improve our 

understanding of the complex relationships and environmental drivers that govern 

species distribution, continuing to investigate relationships between optical diversity and 

species diversity, and utilizing this knowledge to improve our capacity for monitoring 

biodiversity using remote sensing imagery. 

Remote sensing is a powerful tool for assessing reef characteristics over large spatial 

areas, including the estimation of biodiversity, but interpretation of image-derived output 

requires informed decision making from remote sensing specialists and ecologists alike 

regarding physical constraints on what is being measured and what the confidence levels 

are for those measurements. An important aspect of consideration for remote sensing 

users and producers is to understand the scale of observation, inclusive of spatial extent, 
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observation detail, and taxonomic level. For example, the Pyramids of Observation illustrate 

the different scales and relationships that exist in remote sensing and field-based studies 

of biodiversity (Figure 9). 

 

 

 
 

Figure 9. The Pyramids of Observation relating the different scales at which biodiversity is measured from the 

perspective of both remote sensing and field-based analysis. 
 

 
 

The lower levels of the pyramids represent the finest scale of observation, such as where 

the marine field ecologist records detailed habitat information and species composition 

within a local study area. Moving up through the pyramids depicts decreasing levels of 

habitat information acquired at a coarser observation scale, but with increasing 

magnitude in spatial coverage. Remote sensing is represented at two levels within the 

context of these pyramids: high resolution (<5 m pixel scale, e.g., WorldView-2) and 

moderate  resolution  (5–100  m  pixel  scale,  e.g.,  Landsat).  A  caveat  here  is  that  the 
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distinction between moderate and high-resolution spatial coverage is becoming more a 

function of processing capacity, and less an issue of acquisition extent, as more and 

higher resolution imagery becomes available globally. In this situation, even with high 

spatial resolution imagery (e.g., 30 cm WorldView-3) the primary challenge remains 

overcoming radiometric and spectral resolution. Nonetheless, increasing from moderate 

to high resolution remote sensing facilitates detection of an increasing number of general 

habitat categories, such as differentiating more variations in seagrass density and coral 

community type. However, as shown here, except for situations where certain species 

exhibit unique spectral characteristics, even with high spectral, high spatial resolution 

imagery it is currently not possible to spectrally differentiate all individual species. This 

constraint is a function of both spectral similarity amongst species and spatial size or 

extent, where many species are not prevalent or sizable enough to significantly influence 

the remote sensing signal. This in turn has direct relevance to remote sensing estimates of 

biodiversity, which become inherently limited by these spectral characteristics. For 

example, a large expanse of seagrass can appear as a relatively uniform dark area in 

moderate resolution imagery and as a collection of different seagrass densities in high 

resolution imagery; however, a field ecologist surveying the same area can identify a 

patchy distribution of numerous benthic groups and species, such as scleractinian corals, 

octocorals, sponges, macroalgae, and even different seagrass species. In other words, 
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there is typically an intrinsic tradeoff between the scale of observation and the scale of 

information. 

To better understand the implications of this observation tradeoff there is a need to 

more explicitly define the relationships between optical diversity and species diversity. A 

common challenge when linking remote sensing applications and coral reef ecology is the 

calibration and validation of field data with data from remote sensing imagery (Joyce et 

al. 2013), especially in marine environments (Roelfsema et al. 2009). For example, field 

data and remote sensing image acquisitions are not always coincident (Fuller et al. 1998; 

Scopélitis et al. 2009, 2010; Joyce et al. 2013), and in some cases, there are even years of 

difference between the acquisition of field and image data (Fuller et al. 1998; Scopélitis et 

al. 2010). Additionally, spectral libraries for marine species remain undersampled, and 

significant opportunity exists for detailed analysis of intra- and inter-species similarities. 

While there are many informative coral reef remote sensing applications, there is yet a 

need for more studies that incorporate specific consideration for calibrating and 

validating remote sensing estimates of biodiversity. This includes directly correlating 

small-scale localized field estimates of biodiversity and species composition in different 

habitat areas with estimates derived from corresponding high spectral, high spatial 

resolution imagery. It is also instructive to consider information and measurements 

derived from other related disciplines, such as climate patterns, physical processing, 

ocean  chemistry,  larval  dispersal  and  population  connectivity,  which  can  further 
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contribute to the overall assessment of biodiversity (Andréfouët et al. 2001; Kerr et al. 

2003; Pettorelli et al. 2014). Once the variability in spectral diversity is better understood 

at these scales, it then becomes feasible to extend the observed correlations to other spatial 

and spectral scales, and thereby develop more effective tools for linking remote sensing 

biodiversity estimates with field ecology. 

This study demonstrated that although average field spectra can be used to 

differentiate many coral reef species, once the overlying water column is considered the 

ability to distinguish species significantly declines with increasing water depth. These 

results illustrate the challenges associated with developing a depth-invariant biodiversity 

index using remote sensing, and reveal that there is important groundwork ahead for reef 

ecologists and remote sensing specialists to better understand the relationships between 

optical diversity and species diversity. 

Remote sensing will no doubt continue to serve as an important tool for ecology, 

conservation, and biodiversity, particularly considering the current predictions of 

continued environmental degradation related to climate change on a global scale. 

Consequently, it is imperative that we continue to improve our abilities for rapid 

ecological monitoring using remote sensing, including the capacity to assess and monitor 

changes in coral reef biodiversity. As remote sensing technologies improve in both 

coverage  and  resolution  (spatially,  spectrally  and  temporally),  there  is  increasing 
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opportunity, given development of a strong foundation in spectral knowledge, to realize 

these improvements and put the resulting analysis tools into practice. 
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Chapter 5. Concluding comments 

These studies are integrated by their collective contribution to several different 

research themes that are important in coral reef ecology today. In the remaining discussion 

I provide a few concluding comments regarding active and practical conservation goals 

on the basis that coral reef resilience and sustainable ecosystem services are 

dependendent on biodiversity (Daily et al. 1997; Covich et al. 2004; Sala and Knowlton 

2006; Hector and Bagchi 2007; Nyström et al. 2008; Palumbi et al. 2009; Baskett et al. 2010; 

Hughes et al. 2010; Rogers 2013; Dalton et al. 2015). Management decisions that would 

assist in increasing the resilience and survivorship of coral reefs and their overall 

biodiversity should include strict and active law enforcement, environmental and 

ecological restoration, as well as addressing poverty and improving educational 

outreach with an emphasis on climate change, natural resources, sustainability, as well as 

the legal consequences of violating conservation laws. 

The most extensive and developed coral reefs of Puerto Rico are located in the 

waters off La Parguera, however, human activities (i.e., pollution, overfishing, 

recreational activities) continue to severely degrade both terrestrial and marine 

environments in the region (Ballantine et al. 2008; Valdés-Pizzini and Schärer-Umpierre 

2014). Marine Protected Areas (MPAs) are regarded as the best strategy to conserve coral 

reefs and their biodiversity (Dalton et al. 2015). In this regard, designating No Take Zones 

(NTZs; where fishing and all other extractive activities are prohibited) within the La 

Parguera Natural Reserve would be ideal (Dalton et al. 2015), although like many social 

and political problems on the island, environmental management and legislative 
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decisions are a complicated endeavor due to Puerto Rico’s political status with the United 

States (Aguilar-Perera et al 2006; Valdés-Pizzini and Schärer-Umpierre 2014). However, in 

my opinion, the most important action to prevent illegal activities, protect fish stocks and 

biodiversity, would be to increase the number of active Federal Law Enforcement Agents 

(National Oceanic and Atmospheric Association; NOAA). This is especially important for 

La Parguera (a pirate’s paradise), since the local Department of Natural and Environmental 

Resources of Puerto Rico (DNER) Ranger Core is plagued by local politics, corruption, 

and a lack of leadership, training, and expertise from the top-down as to how to 

effectively manage a conservation police unit. The simple presence of federal conservation 

officers would certainly deter illegal behavior. Unfortunately, there is a single federal 

agent covering Puerto Rico and the United States Virgin Islands that has jurisdiction over 

the protection, management and conservation of our fisheries, Endangered Species Act 

(ESA) species,  marine mammals,  marine  environments and  ecosystems (pers. comm. 

Lynn Rios, NOAA Federal Agent). Active federal protection will require significant 

resource allocation, but if federal funding agencies are willing to  provide  significant 

financial resources into basic fisheries research, then allocating resources into 

conservation police protection in Puerto Rico’s waters should be considered equally 

important (pers. comm. Lynn Rios, NOAA Federal Officer). 

Environmental restoration is another way to protect coral reefs and their biodiversity. 

In this respect, improving local water quality should become a priority. Over the last 20 

years water quality in La Parguera has been declining (Weil E unpublished data; Otero 

2009; Wade et al. 2015). Secchi disc measurements show that the average annual water 
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visibility has been decreasing (E Weil unpublished data). A comprehensive study by 

Otero (2009) used an array of water quality indicators (salinity, temperature, chlorophyll 

a, turbidity, fluorescence of dissolved organic matter, bacteriophytoplankton, bacterial 

abundance and productivity, sedimentation and stable isotopes of particulate organic 

matter) in southwestern Puerto Rico (2003 – 2005) and reported significant spatial and 

temporal changes in water quality in reefs and associated habitats of La Parguera as 

indicated by fluctuations in turbidity, microbial biomass, and production. The author 

recommended preventive measures to decrease terrestrial inputs to near shore coastal 

systems, such as coral reefs (Otero 2009). Simply improving water quality by reducing 

excess nutrients and controlling local stressors increases coral resistance by raising the 

upper thermal threshold of coral bleaching (Wooldridge 2009; Wooldridge and Done 

2009; Wooldridge et al. 2015). To that end, reef-building corals require clear, nutrient free 

water, low sedimentation, sufficient light for photosynthesis and water  temperatures 

between (23-30°C) to grow, reproduce and survive therefore, it is imperative there are 

improvements in water quality and increased protection from human activities along 

Puerto Rico’s coastlines. 

Ecological restoration has become an important component of managing for reef 

resilience and coral survivorship. However, while ecological restoration (Acropora spp. in 

the Caribbean) is helpful on a local scale, it is not the solution at the ecosystem-wide scale 

because the same environmental pressures still exist and are predicted to worsen in the 

coming decades (Hughes 1994; Hughes and Tanner 2000; Hughes et al. 2003; Jackson et al. 

2014; Hoegh-Guldberg et al. 2015). Additionally, Caribbean Acropora species are highly 
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susceptible to bleaching and disease (Weil and Rogers 2011; Lucas and Weil 2015) and 

whether growing in a restoration site or naturally on a back reef, they cannot escape the 

impact of acidification and ocean warming. Incidentally, the future of reef building corals 

(even the most fit of genotypes) run the risk of reduced rates of calcification (growth), 

fecundity, and genetic diversity and therefore, reduced effective dispersal (Knowlton 

2001; Anthony et al. 2008; Carpenter et al. 2008; Jackson et al. 2014; Hoegh-Guldberg et al. 

2015). Furthermore, there is no support for differing disease quality, quantity or dynamics 

and health management strategies between wild and restoration colonies of A. cervicornis 

in Florida (Miller et al. 2014). Notwithstanding, restoration areas create essential habitat 

and should not continue without caution since there is a growing body of evidence 

demonstrating that coral transplantation alters the corals microbial community and 

increases disease susceptibility (Casey et al. 2015; Certner and Vollmer 2015). 

Coral diseases have played a significant role in the decline of Caribbean corals and 

have not only caused significant declines in the Acropora spp. but almost all coral species 

have been inflicted with various diseases (Gladfelter 1982; Aronson and Precht 2001; Weil 

2004; Cróquer and Weil 2009; Rogers et al. 2009; Weil 2004; Weil et al. 2009; Weil and 

Rogers 2011). Factors such as lower biomass, loss of three-dimensional structures 

provided by acroporid corals, and fast growing macroalgae are factors associated with 

diminished reef resilience in the Caribbean (Roff and Mumby 2012). Likewise, a recent 

study indicates that White Band Disease in A. cervicornis may be caused by opportunistic 

pathogenesis of the corals resident microbial community (Certner and Vollmer 2015). 

Thus, continuing to identify the potential reef invertebrates (i.e., Coralliophila abbreviata, 
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Gignoux et al. 2012) and fish species that are vectors of disease would provide a broader 

understanding of disease dynamics and trophic cascades on Caribbean reefs (Weil 2004; 

Kline and Vollmer 2011; Weil and Rogers 2011; Miller et al. 2014; Lucas et al. 2014; Casey 

et al. 2015). 

Another important aspect of protecting coral reef biodiversity that is often overlooked 

is addressing poverty (Cinner et al. 2009a, b). Poverty causes fisherman to use ecologically 

destructive fishing practices and encourages large takes for short-term economic gain 

(Cinner 2010). There is a need to explore new ways of improving the livelihoods of the 

people living and fishing near La Parguera’s reefs in order to reduce their dependence on 

the fishery (Cinner 2011). This will require careful, social, ecological, and economic 

planning, as well as personal sacrifices to reach this goal in La Parguera. However, I 

maintain that increased federal law enforcement on the waters at all time will highly deter 

illegal activities and overfishing that plague La Parguera’s natural resources. 

Lastly, it is important that we address global climate change and strive to reduce CO2 

emissions. This presents serious challenges on a global scale and will take cooperation 

from individuals – communities – states – and nations. The adverse effects of global 

climate change (warming oceans and acidification) related to increasing atmospheric CO2 

acting synergistically with other anthropogenic disturbances have been responsible for 

the 33-50% decline of all coral reefs worldwide in only under a few decades (Hoegh 

Guldberg et al. 2015). Additionally, continued environmental degradation and the current 

rate of ocean warming has raised concerns that corals may not be able to adapt fast 

enough under current climate scenarios (Hoegh Guldberg et al. 2015). Under existing 
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patterns of human activity, the global average land and sea surface temperatures will 

soon reach 2° C above pre-industrial levels and by the year 2100, tropical waters could 

be 3 - 4° C warmer. The scientific consensus (Hoegh-Guldberg et al. 2015) predicts that if 

there is not a significant reduction in CO2 emissions immediately, then the impacts of 

climate change will have decimated most functioning coral reefs by the middle of the 

century. Increasing ocean temperatures will result in more coral bleaching, disease 

outbreaks, reduced fecundity and survivorship in reef corals (Brown 1997; Knowlton 

2001; Carpenter et al. 2008; Weil and Rogers 2011; Jackson et al. 2014; Hoegh-Guldberg et 

al. 2014). The influence of climate change on ocean-atmosphere interactions is also 

expected to have negative effects on weather patterns, ocean current patterns, as well as 

increasing the frequency and severity of storms, all of which can damage coral reef 

structure, change connectivity patterns (ocean currents), and reduces their overall 

fecundity and survivorship (if severe and frequent) (Brown 1997; Hoegh-Guldberg et al. 

2014; Hoegh-Guldberg et al. 2015). Likewise, ocean acidification (CO2  emissions being 

absorbed into the oceans) is altering seawater chemistry and lowering the pH of the ocean 

(Anthony et al. 2008; Kleypas and Yates 2009; Hoegh-Guldberg et al. 2014; Hoegh- 

Guldberg et al. 2015). Similar to ocean warming, the rate of ocean acidification has raised 

concerns over the survival of reef-building corals due to their long generation times and 

their capacity to adapt fast enough to changing seawater chemistry (Hoegh-Guldberg et 

al. 2015). Furthermore, acidification lowers aragonite saturation state that limits 

calcifying organisms’ ability to construct   their   skeleton   and   run  the   risk   of   

dissolution   (Anthony   et   al.   2008). 
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Additionally, there is evidence that acidification has adverse effects on metabolism, 

sensory systems, and reproductive stages (Kleypas and Yates 2009; Hoegh-Guldberg et al. 

2014). Overall, the principle concerns are that coral reefs experiencing ocean acidification 

will lead to lower recovery potentially with increasing susceptibility to coral bleaching 

and disease (Anthony et al. 2008; Kleypas and Yates 2009; Hoegh-Guldberg et al. 2014; 

Hoegh-Guldberg et al. 2015). 

Climate change presents serious challenges on a global scale and it should be 

apparent that there are limited options beyond our immediate control. If the overall goal 

is to protect biodiversity to maintain ecosystem goods and services then perhaps our 

efforts should focus on reducing or eliminating local disturbances to coastal areas. This 

can be achieved to some extent by establishing serious federal conservation law 

enforcement within marine reserves, environmental / ecological restoration, addressing 

poverty, and increasing community awareness of natural resources and sustainability are 

good first steps in  effectively increasing coral reef resistance and resilience to future 

disturbances. 
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